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The increase in aquaculture activities in the last few decades has not been accompanied by
a corresponding increase in environmental controls and regulations. In this context, the application of
environmental monitoring plans (EMPs) has become necessary to assess the environmental impact
associated with fish farming wastes. The objective of this review paper is to evaluate the suitability of
experimental and analytical procedures as monitoring tools for inclusion in EMPs for intensive land-
based marine fish farms (LBMFFs). The strong hydrodynamics and, in particular, the lack of sediment
on the rocky coasts where LBMFFs are usually located, greatly limit the monitoring tools that can be
used. We propose EMPs that employ a weight-of-evidence approach to evaluate: contamination,
trophic and toxic effects, and ecological integrity. Laboratory tests, in situ bioassays and field surveys of
local species are presented as key tools for assessing the impact of LBMFFs on ecosystems. The d15N
signal along a spatial gradient is proposed for evaluating exposure to contaminants. Trophic effects can
be determined by growth of transplanted macro- and microalgae. Toxic effects can be evaluated by
responses at different levels of biological organization, including biochemical and histological changes,
physiological alterations and survival, in species from different trophic levels. Fouling tests and analysis
of community structures are recommended for assessing ecological integrity. This review contributes to
the development of environmental controls for intensive LBMFFs, and for other activities that
discharge wastewater to rocky shores.
1. Introduction
Fish farming activities should be compatible with other coastal
activities that exploit natural resources. Thus, good environ-
mental practices must be applied in order to guarantee sustain-
ability.1 One of the major problems associated with aquaculture
is the detrimental effects on the environment, resulting from the
release of excessive amounts of nutrients (which may affect the
trophic balance) and synthetic chemical products (which may
have toxic effects) to natural bodies of water.2 This problem is
aggravated by the fact that fish farming is expanding at a much
faster rate than the knowledge of its effects on ecosystems, and
the pace at which regulations and legal requirements are being
enforced. This is clearly illustrated by the lack of ecotoxicological
research and legislation relating to aquaculture, particularly
land-based marine aquaculture. Read and Fernandes2 carried
out a review addressing how the impacts associated with aqua-
culture are managed, and pointed out the need for specific
actions in the aquaculture sector in order to ensure full
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Environmental impact
Land-based marine aquaculture is generally considered a non-polluting activity. This is because there is a gap of knowledge about
the effects that land-based marine fish farm (LBMFF) effluents may cause to the aquatic systems. Hydrodynamics and lack of fine-
grained sediments characterizing nearby coastlines where LBMFFs are located make the use of conventional monitoring methods
problematic. The information provided by chemical analyses (current monitoring measures) is not sufficient to explain the potential
effects of aquaculture on ecological processes in aquatic systems. This review paper discusses the development of an environmental
monitoring plan adapted for land-based marine fish farms, carefully considering the diverse interactions between this type of
aquaculture and the surrounding environments.
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integration of environmental protection requirements, as well as
for further research on the relationship between aquaculture and
the environment.
The lack of knowledge about the potential impacts associated
with land-based marine fish farms (LBMFFs) makes high quality
environmental surveillance essential and the development of
Environmental Monitoring Plans (EMPs) imperative. EMPs
should integrate the measurement of chemical and ecotoxico-
logical parameters, which provide information about the level of
contamination, the bioavailability of contaminants and the
effects of contamination on biota. EMPs should also be devel-
oped according to a conceptual model that facilitates the inte-
gration of results in order to obtain a holistic perspective of the
environmental status of areas affected by LBMFF effluents.
The objectives of this review are to describe the factors
involved in the design of an EMP, to establish basic guidelines
for the design of EMPs, and to propose a specific EMP for
LBMFFs located at exposed and hard bottom coastal areas. In
order to fulfil these aims, abundant scientific literature was
reviewed, contaminants associated with LBMFFs were investi-
gated, and tools for environmental surveillance, including
experimental methods of obtaining data and parameters
describing alterations in ecosystems were evaluated according to
their simplicity, reproducibility, reliability and cost-effectiveness.
2. Contamination from LBMFFs
The main impact of LBMFFs on the aquatic systems is caused by
the release of wastewater, containing metabolic waste produced
by fish and by the application of synthetic chemical products to
fish growth and facility maintenance (Table 1). Input of
contaminants via the discharge of such waste may trigger a series
of biological changes that can have negative effects on ecosys-
tems. The escape of farmed fish may also cause introduction of
invasive or unwanted species into the natural environment
(biological contamination), with possible ecological costs.
2.1. Metabolic and feed waste
It has been estimated that around 23% of the food supplied to
fish is not consumed, and is directly released to the environment,
63.5% is eaten by the fish and partially excreted, and 13.5% is
released as feces.3 This particulate waste, together with metabolic
waste excreted by fish, affects the trophic balance in the aquatic
environment as it is a primary source of nutrients. Mineralization




), some of which (NH4
+ and NO3
) are
assimilated by aquatic primary producers.4 Discharged organic
matter can thus favour primary biological production and
contribute to nutrient enrichment of nearby marine waters.
Nevertheless, large increases in the concentrations of nitrogenous
compounds may be detrimental, as nitrogen is a limiting nutrient
in coastal and estuarine environments.5 If the concentrations of
nitrogenous compounds are maintained at high levels as a result
of chronic and extensive discharge of organic matter, it may
boost primary producers, finally leading to eutrophication.
Eutrophication produces hypoxia and the appearance of toxic
compounds, such as hydrogen sulfide.6 In addition, some of the
primary producers favoured may be toxic algae. All of this may
cause massive kills of aquatic organisms and a general impov-
erishment of the biota and a decrease in biodiversity.5
Nutrients may also have toxic effects. Inorganic forms of
nitrogen have been found to harm aquatic organisms, including
bacteria, algae, invertebrates and fish.5,7
Organic particulate waste is known to have negative effects on
aquatic systems by modifying the chemical and biochemical
properties of the water column and the sediment, particularly
those involved in food availability, which determine bacterial
and primary production.8,9 Particulate waste can also alter the
composition of organisms suspended in the water column, as well
as fouling organisms and benthic communities,9,10 e.g. by
attracting opportunistic carnivorous and detritivorous species.
In both the water column and sediments, organic matter acts as
a trap for synthetic lipophilic compounds (including several
pharmaceuticals, organochlorine pesticides, polycyclic aromatic
hydrocarbons, polychlorinated biphenyls), thus increasing the
risk of incorporation of toxic substances into the trophic chain,11
e.g. through filter feeders and detritivorous organisms.
A system for eliminating toxic forms of nitrogen in LBMFFs,
by converting ammonia and nitrate into nitrogen gas via aerobic
and anaerobic nitrification and oxidation, has been created.12 An
easier way of eliminating particulate waste is to use filters. An
economic and efficient rotary filter of mesh size 60 mm would
collect 40% of suspended solids (SS). However, the main problem
with this approach is finding a use for the sludge produced.3
Other sustainable technologies are emerging in order to mitigate
the impact of the input of organic matter into aquatic systems.
Such methods involve the elimination of organic matter by using
algae and filter-feeding species.13–15
2.2. Anthropogenic products
Few studies have considered synthetic chemicals when assessing
the impact of aquaculture activities.16 However, human-made
products, such as biocides and sanitary products, are
commonly used in aquaculture facilities and are known to have
toxic effects on living organisms.2 Nevertheless, data on the
specific type of products used and released to the aquatic
systems are scarce, owing to the insufficient regulations and
controls within the sector, and a lack of transparency in fish
farm management.
Table 1 Summary of substances released from fish farms to the
environment
Waste Frequency Type of waste
Particulate waste
Faeces Continuous Animal origin
Unconsumed food Continuous
Dissolved waste
(Excretion) Continuous Animal origin
Treatment products







Transmissible pathogens to wild life
Faecal coliforms, E. coli, faecal
streptococci, .
Occasional Anthropogenic
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Drugs are used prophylactically and therapeutically to main-
tain optimal fish health17,18 and to avoid animal stress during
transport and manipulation. Hormones may be supplied as trace
constituents of fish food,19 applied by immersion, intramuscular
injection or genetically transferred into fish. Hormones are
directly involved in growth and reproduction cycles.20 Pesticides
(bactericides, herbicides, fungicides), antifouling products,
disinfectants and detergents are used to prevent disease outbreaks
and proliferation of algae, and for cleaning and disinfecting
ponds.21 Trace concentrations of metals, pesticides, poly-
brominated diphenyl ethers, polychlorinated biphenyls and pol-
ybrominated biphenyls have also been detected in fish food.22,23
Drugs and biocides used in pond maintenance are probably the
products associated with the greatest environmental risk because
of the frequency of use and the large quantities used.
2.2.1. Antibiotics and antiparasitics. Antibiotics and antipar-
asitics areused respectively tofightfishdiseases causedbybacteria,
and by nematodes, cestodes, trematodes, infectious protozoa and
amoebae.24 The use of these products involves an environmental
risk, since surplus product is released into the environment25
directly or via unmetabolised and/or uneaten medicated feed,
leached drugs, renal excretion and branchial secretions.
The persistence of many antibiotics and their metabolites in
the marine environment is not known26 and their impact on
ecosystems is still difficult to determine.27 There is a potential risk
that local microbial communities will be modified, and in fact,
high rates of resistance to several antibiotics have been observed
in sediment bacteria below fish farms.18,28
Antiparasitics may affect wild species that are taxonomically
unrelated to the target species, particularly crustaceans.29 The use
of vaccines, immunostimulants and genetically altered (disease-
resistant) species to fight diseases and infections, is emerging in
place of the use of antibiotics. Nevertheless, the use of these
alternatives is still limited because of technical and economic
issues and/or low effectiveness. Nowadays, the most feasible
method of minimizing antibiotic input and impact in natural
water bodies consists of avoiding prophylactic treatment,
applying effective and narrow spectrum antibiotics, adopting
withdrawal periods and avoiding discharge of toxic chemicals
into natural bodies of water.17
2.2.2. Pesticides, disinfectants, antifouling products and
detergents. Detergents and chemical products with biocidal
actions (pesticides, disinfectant and antifouling agents) are used
daily at high concentrations on LBMFFs, for hygiene, to prevent
outbreaks of infectious diseases and for general maintenance of
facilities.
The most commonly used biocides include chlorine products,
aldehydes and their derivatives. Sodium hypochlorite is a strong,
inexpensive oxidant used to disinfect water, tanks and equip-
ment. This compound is toxic to aquatic life at very low
concentrations and can oxidize organic matter, producing
a mixture of organochlorine compounds, including mutagenic
and carcinogenic substances, such as trihalomethanes and chlo-
rinated hydrocarbons.30
Formaldehyde is used as an antiparasitic agent, as a biocide
and to neutralize ammonia from fish ponds.31 At high concen-
trations or after long periods of exposure, formaldehyde
solutions are toxic to certain aquatic species, ranging from
plankton to fish.32 Formaldehyde may cause neurotoxic, hae-
matotoxic, genotoxic and carcinogenic effects on ecosystems.33
The toxicity of detergents differs depending on whether they are
anionic, non-ionic or cationic. However, even at low concen-
trations they may alter the structure of membrane proteins and
cause progressive permeabilization and lysis of cells.34 The toxic
effects of certain disinfectants and detergents may also be
synergistic.35 There are no effective alternatives to disinfectants,
as although ultraviolet radiation is efficient against bacteria there
are technical problems associated with its use (the efficacy is
affected by turbidity and dissolved substances), it is not effective
against chemicals and viruses, and it does not provide residual
protection, so that a secondary disinfectant may be required.30
2.3. Biological contamination
Biological contamination can be defined as the unintended
release of non-native species or genetically modified species and
pathogens from LBMFFs into natural ecosystems.
Biological contamination may lead to genetic contamination
when escaped fish reproduce with wild fish, resulting in either
more robust fish, which could disrupt the environment, or poorly
adapted fish, which could lead to gradual extinction of the
species.36 Negative effects of introduced fish on the genetics of
natural populations will increase with the number of generations
in captivity.37 Genetically modified escaped fish can inhabit areas
that are unfavourable for wild fish, and thus displace other
species. They may alter the trophic balance by increasing
predation rates, and may introduce and spread particular
diseases and parasites.38
The features of the LBMFF culture facilities make the risk of
biological contamination of wild populations very low. Never-
theless, regulatory actions should be complemented with
management based on preventive measures.39,40
3. General guidelines for the design of an EMP
An EMP can be defined as a set of measures, controls and
infrastructures aimed at studying environmental conditions in an
area over time, in order to predict the capacity of the environ-
ment to assimilate anthropogenic impacts, and to anticipate
possible changes in environmental quality, taking into account
the pre-operational state of the environment.
There are three essential stages to consider in EMPs: (a) prior
or pre-operational monitoring, which considers the natural state
of the environment before the disturbance occurred, by prior
measurement or estimation of background regional levels, (b)
effect monitoring, which begins once early alterations have
appeared, and aims to prevent detrimental impacts from
becoming massive and irreversible, and (c) verification of
control, which guides environmental management in relation to
the objectives established by current law, and observes the degree
of compliance with quality standards.
The specific details of an EMP designed for a fish farm must be
in accordance with the farm production volume and the fore-
seeable impact on the environment, i.e. it should be adjusted to
the exploitation volume–environmental impact ratio. After an
extensive review, Sara10 concluded that available research on the
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impact of aquaculture in the water column is somewhat defective
and insufficient to support or exclude any potential effects on
ecological processes in the aquatic environment. For this reason,
only those parameters that provide information at an affordable
cost should be considered in monitoring.41 The information
obtained should contribute to detecting effects that alter the
ecosystem and should not merely describe local situations.42 For
example, to assess the risk of eutrophication, it is better to use
a response parameter such as a fertility bioassay, than to measure
a large number of physicochemical properties of water.10 In this
sense, the establishment of background levels and characteriza-
tion of the pre-operational state become important for discrim-
inating changes involving potential ecological damage and
natural variability in local conditions.43
The impact of aquaculture installations, regardless of the type
of exploitation (cage-based or land-based), dissipates with
distance from the facilities. An area of influence should be
delimited and the parameters selected to evaluate the environ-
mental effects should be sampled and measured according to
a non-linear gradient from the discharge outlet (land-based
farms) following the direction of the prevailing current.8,44
For accurate assessment of the potential ecological effects of
the discharge of LBMFF effluent, both spatial and temporal
variations in the contaminant levels and monitoring variables
must be considered. The concentration of nutrients and toxicants
in the farm surroundings, and therefore, the potential of the
aquaculture activity to damage the environment, mainly depend
on the relationship between the assimilation and dispersive
capacity of the environment.45–47 Although fish farm effluents are
known to exert local effects, the area of influence (i.e. the distance
at which the physical, chemical and biological characteristics of
the environment are no longer significantly different from those
in a control area) of the effluents changes over time.16 Such
variations depend on factors that affect the assimilative capacity
of the environment, such as the sea and weather conditions
(prevailing currents, hydrodynamics, storm frequency, wind
velocity), and also on the farm production cycle or the frequency
of the use of chemical products. The assimilative capacity can be
defined as the ability of a body of water to purify itself of
contaminants without having negative effects on ecosystem
health.46 In order to assess the maximum effects associated with
LBMFFs and to minimize costs, surveillance of aquaculture
activities should focus on critical periods, when the area of
influence is expected to be more extensive and/or the dispersive
capacities of the environment are diminished. The application of
waste dispersal models and their potential effects (e.g. DEPO-
MOD,48 CSTT49) may help predict such critical periods.
EMPs should also be operationally flexible. During observa-
tion of the affected ecosystems, the addition or replacement of
measurement parameters, relocation of monitoring stations, and
modification of sampling intensity may be necessary, depending
on the spatio-temporal variations in contamination and changes
in aquaculture technology, which may lead to changes in the
effluent composition (e.g. replacement of bioactive compounds).
4. Considerations for EMPs for LBMFFs
Protocols for monitoring the effects of LBMFFs on natural
water bodies are practically non-existent. The available
regulations, methodological guidelines and EMPs for aquacul-
ture activities in Europe mainly refer to cage-based aquacul-
ture.1,50–54 These monitoring and management tools cannot be
applied to LBMFFs in most cases because of the different
idiosyncrasies of cage-based and land-based aquaculture. Cage-
based aquaculture involves the installation of cages directly in
the sea. They lack filters or any other method that enables
dispersion of particulate wastes. This leads to accumulation of
particulate matter in the vicinity of the cages and the organic
enrichment of sediments in the surroundings, particularly
immediately below the cages.55 Studies on the dispersion of
contaminants from cages are limited and surveillance is focused
on the benthic system.8 Operation of LBMFFs is based on the
circulation of seawater through the facilities. The seawater is
pumped into ponds and then discharged back into the sea
(Fig. 1). Location on highly exposed coasts is often the best way
to ensure effluent dilution of intensive LBMFFs, and to avoid
input of contaminated water. The strong hydrodynamics lead to
rapid dilution and dispersion of contaminants and the toxicant
load of the effluents, as well as to the absence of sediment, so
that LBMFF outputs mainly affect the nearby water column
and living organisms of the surroundings. Culture of fish in
tanks is expected to perform a more efficient use of chemical
products and feed, so that the toxicant and organic waste load
in the effluent should be lower than in caged-based farms.
However, tanks require the use of large quantities of biocides
(to disinfect facilities) and drugs (to maintain optimum health of
the fish).
5. Integrated EMP for LBMFFs
5.1. Definition of the pre-operational state
EMPs often have to be developed for LBMFFs that are already
in operation. In such cases, the environmental status of the area
before being affected by the activities and the causes of the
observed effects must be determined by retrospective techniques.
Retrospective techniques involve the analysis of different
parameters along an impact gradient to a distance where farm
effects are negligible and the parameters cease to vary with the
distance. The parameters values may become independent of
the distance to the contaminants output, and consequently define
the preoperational state. The pre-operational state represents the
Fig. 1 Diagram of the source of potential impacts of land-based marine
fish farms on the marine environment.
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reference or control conditions, and can be defined by studying
the gradient of both trophic and toxic effects associated with the
LBMFF.
However, in the future it is considered optimal for an EMP to
be developed, and the pre-operational state be characterized,
prior to the beginning of operations of a LBMFF.
5.2. Weight of evidence approach
The application of research based on the weight of evidence
(WOE) may offer a comprehensive view of the relationships
between the parameters observed in an EMP. The WOE
approach categorises parameters in lines of evidence (LOEs), so
that each LOE answers fundamental questions such as: what
contaminants are present in the environment? Are they
bioavailable? Do they have detrimental effects on organisms? Do
they involve a risk to the ecosystem? The integration of different
LOEs enables identification of current and potential environ-
mental impacts related to a combination of stressors.56–58 While
this approach has primarily been used to assess the quality of
sediment,56–58 it is highly desirable for determining the relation-
ship between the source of contamination and the extent of
impact. Before applying this type of approach, it is important to
select suitable variables or descriptors (included in each LOE)
and their spatio-temporal distribution, to include them on each
axis, taking into account the specific nature of each facility and
its location.
Here, a triaxial approach comprising three LOEs is proposed
for designing an integrated EMP for LBMFFs (Fig. 2). The
LOEs are: (1) assessment of contamination exposure, by
determining the concentrations of fish farming related
contaminants, both in the water column and organisms, and the
difference from background values, (2) assessment of effects on
biota, both trophic and toxic, in situ and in the laboratory, at
different levels of biological organization, and (3) assessment of
the ecological integrity, by determining possible alterations in
the structure and behaviour of local communities. A more
detailed description of the proposed EMP is shown in Fig. 3, in
which each LOE is defined by the tools used and the parameters
analyzed.
5.2.1. Contaminant evaluation
5.2.1.1. Physico-chemical analysis. Current regulations for
land-based aquaculture propose monitoring a series of physico-
chemical parameters in the effluent, to measure the impact of
LBMFFs. Environmental quality objectives (EQOs) have
already been established in Galicia (NW Spain), the European
leader in land-based culture of Psetta maxima (approximately
7000 tn per year) (Table 2). EQOs are defined as specific
requirements that a body of receiving water must have in order to
maintain a high quality of the natural environment. Neverthe-
less, EQOs are only established for conventional parameters such
as pH, conductivity, biological oxygen demand, total nitrogen,
nitrites, ammoniacal nitrogen, total phosphates, suspended
solids and total organic carbon, while the concentrations of
potentially toxic chemicals commonly used in aquaculture
(including emerging contaminants) are not taken into consider-
ation. Furthermore, the temporal and spatial frequency of the
measures proposed in the current regulations is arbitrary and
insufficient for effective environmental monitoring. This shows
that even in geographical regions that are pioneering in the
aquaculture sector and attempting to be protective of the envi-
ronment, the formulation and application of regulations for
LBMFFs are based on scarce knowledge of the real environ-
mental impact of the activity.
The concentration of nutrients and toxicants associated with
fish farming can be measured in the effluents and in environ-
mental matrices, including the water column, interstitial water
and sediment. The establishment of background concentrations
in the receiving environment enables detection of changes in the
chemical composition of the environmental matrices studied and
identification of possible sources of contamination. Nevertheless,
the influence of natural spatio-temporal variations, especially in
the case of nutrients, makes quantification difficult and involves
intensive, costly sampling. Furthermore, the low precision of
traditional analysis because of the high dilutions of nutrients and
the lack of precise models capable of predicting the risk of
eutrophication are serious drawbacks for the inclusion of dis-
solved nutrients in EMPs.59 For instance, the dilution of
ammonia is rapid and measurement of trace elements is difficult,
even close to the point of discharge.60 However, during condi-
tions of high load and low dispersion, classic parameters such as
the concentration of ammonia in solution may be appropriate.61
In the case of toxicants (antibiotics, phytosanitary products,
metals and organohalogenated compounds), the analytical
procedure is costly and therefore may be considered impractical
for monitoring plans.
The extent of contamination derived from aquaculture activ-
ities can also be evaluated by measuring the contaminant and
nutrient body burdens (bioaccumulation) in indicator or sentinel
species,62 which are ecologically or commercially relevant.
Macroalgae and sessile invertebrates that are sufficiently large to
facilitate analysis have been found to be suitable bio-
indicators.63,64 However, as already mentioned, chemical anal-
yses of nutrients and toxicants may not be appropriate for an
EMP owing to the high costs and the methodological require-
ments for obtaining reliable data. Nonetheless, measurement of
chemical body burdens is beneficial, because it provides an
indication of bioavailability. Bioavailability studies may
contribute to subsequent assessment of the impact of
Fig. 2 Summary description of the integrated approach used in this
study, consisting of the three selected lines of evidence, in the weight of
evidence approach, using the schematic representation of the TRIAD
integration.57
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contamination on organisms and ecosystems, because only
chemicals that enter the body of organisms can exert toxic
effects,65 either without previous transformation, e.g. metals,66,67
or after being metabolized, e.g. PAHs and pesticides.66,68 On the
contrary, the concentration of nutrients is not necessarily an
indicator of ecological risk, in fact, it must be considered as an
indicator of exposure. Villares and Carballeira69,70 found that the
nutrient concentration in the water column did not modify the
Fig. 3 Diagram showing the Integrated Environmental Monitoring Plan for Land-Based Marine Fish Farms according to the WOE (Weight of
Evidence; adapted from ref. 56), which considers three main lines of evidence; chemical analysis, ecotoxicity and ecological integrity.
Table 2 Maximum permitted increases (MPI) and ecological quality objectives (EQO) for monitoring land-based marine fish farm discharges (the case




Median of observed values
EQOI O O  I
pH 68 — 8.03  0.03 7.73  0.06 0.30  0.05 95% cases I  O < 0.30
5% cases I  O < 0.40
Conductivity (mS cm1) 72 — 53  1 70  16 16  17 95% cases O  I < 20 mS cm1
5% cases O  I < 45 mS cm1
DBO5 (mg l
1) 59 — 2.93  0.26 6.62  2.42 1.23  0.22 95% cases O  I < 1.5 mg l1
5% cases O  I < 2.5 mg l1
N total (mg l1) 157 — 1.34  0.17 1.78  0.24 0.29  0.15 95% cases O  I < 0.3 mg l1
5% cases O  I < 0.6 mg l1
100% cases O < 5 mg l1
N nitrites (mg l1) 167 O  I < 0.05 0.045  0.01 0.075  0.014 0.028  0.01 95% cases O  I < 0.03 mg l1
5% cases O  I < 0.06 mg l1
N ammoniacal (mg l1) 54 — 2.33  1.35 2.42  1.56 0.12  0.21 95% cases O  I < 0.15 mg l1
5% cases O  I < 0.55 mg l1
100% cases O < 4.5 mg l1
P total (mg l1) 65 — 0.28  0.05 0.31  0.05 0.01  0.02 95% cases O  I < 0.02
5% cases O  I < 0.05 mg l1
100% cases O < 0.45 mg l1
P phosphates (mg l1) 157 O  I < 0.2 0.19  0.04 0.24  0.05 0.05  0.01 95% cases O  I < 0.05 mg l1
5% cases O  I < 0.15 mg l1
100% O < 0.35 mg l1
SS (mg l1) 180 O  I < 5 13  20 13  27 0.68  0.87 95% cases O  I < 1 mg l1
5% cases O  I < 2.5 mg l1
100% cases O < 75 mg l1
TOC (mg l1) 157 O  I < 0.5 6.64  1.72 7.63  1.94 0.90  1.82 95% cases O  I < 1 mg l1
5% cases O  I < 3.5 mg l1
a I: input water; O: water outlet; O  I: difference.
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algal community on the Galician coast (NW Spain), because
algae were naturally saturated with nutrients. Therefore, local
features must be taken into consideration when evaluating the
ecological risk associated with the concentration of dissolved
nutrients. In addition, the natural variability and the restrictive
thresholds of nutrients for each species, such as the subsistence
concentration and the critical concentration, must be defined.69
5.2.1.2. d15N signal. Anthropogenic sources of N alter the
baseline levels of d15N in marine systems.71 Thus, the analysis of
the d15N signal can be used to trace and quantify the inputs of
organic contamination.71 The d15N signal may be interpreted as
a measure of nutrient accumulation and as a descriptor of
exposure. Nonetheless, we believe that this parameter should be
considered separately, due to its multiple advantages in
comparison with other chemical analysis.
Measurement of d15N is simple, rapid and inexpensive. Vari-
ations in this parameter in different species have been success-
fully used to trace nitrogen released from fish farms.9,71–75
Moreover, the d15N signal has been shown to be stable and
clearly tends to increase with increasing farm waste discharges.76
Therefore, maps of the distribution of the d15N signal in bio-
monitors can be used to distinguish ‘‘hot spots’’ of activity and to
verify the effectiveness of environmental protection measures.
However, the indicator role of d15N in multifocal situations of
pollution may be questionable. Moreover, N enrichment does
not necessarily indicate the influence of anthropogenic
discharges.69,70 Fucus spp. (macroalgae) are preferred for d15N
surveys because they are cosmopolitan, abundant and can cover
the existing salinity gradients of open coasts and estuaries.77
Nevertheless, the possible absence of the main biomonitors
requires intercalibration of responses with other species so that
they can be used as alternative biomonitors. Rey-Asensio et al.76
found no significant differences in d15N between pairs of mac-
roalgal species collected from the same localities, demonstrating
that this species could be used indiscriminately for monitoring
purposes. The use of biomonitors requires the definition of
reference levels and the natural variability in d15N.76
The d15N signal has been found to be significantly correlated
with parameters indicating trophic and toxic effects, such as algal
growth and tissue damage.78,79 This has opened up a new line of
research which examines the suitability of 15N as an indicator of
risk associated with discharges from farms, not only as an indi-
cator of exposure to organic contamination. Once the relation
between d15N and effect parameters is well characterized, d15N
analysis may replace other more laborious and expensive
analyses.
5.2.2. Specific alterations. In situ and laboratory bioassays,
together with field surveys on local organisms, allow the study of
the effects that the exposure to chemicals (individually or in
mixtures), nutrients and contaminated matrices (e.g. residual
effluents, seawater and sediment) have on organisms, in the short
and long term, under natural and controlled conditions.80 The
effects can be analyzed from molecular to community levels and
from histological, physiological, behavioural and ecological
viewpoints, so that further ecological damage can be assessed.
Selection and/or design of a battery of bioassays and field
surveys must be done to achieve a comprehensive evaluation of
the potential environmental effects of LBMFFs and to under-
stand the toxicity mechanisms of the substances in farm effluents,
individually and in mixtures. In this way, the variability in the
effluent flow and contaminant load will be taken into account.
On one hand, batteries of bioassays and surveys should include
different test species, so that the effects of contaminants on
various species are studied, but the technical and methodological
problems posed by community tests are avoided.81 The species
selected should represent different taxa, trophic levels and life
strategies in order to cover different routes of entry of toxicants
and organism sensitivities, and they should be appropriate
indicators or sentinel species, i.e. they should be ecologically
relevant, abundant, easy to obtain, maintain and cultivate, and
sensitive to a wide range of pollutants.82,83 This should provide
easily measurable and reliable effects or results, and a simple,
standardized, reproducible and cost-effective methodology.
In situ bioassays should counteract deficiencies in laboratory
tests in replicating complex environmental conditions and facil-
itate the prediction of effects in the field. In a monitoring
framework, in situ bioassays represent an intermediate situation
between the experimental control of laboratory assays and the
environmental realism of field monitoring (Fig. 4).84 Local
species have traditionally been studied and constitute a powerful
tool in environmental monitoring. Nevertheless, in recent years,
the advantages of in situ bioassays with transplanted organisms
have been pointed out,65,85 mainly because transplanted organ-
isms have been found to be more sensitive than local organisms,
which are likely to be adapted to existing conditions.86
Transplantation methodologies have been proposed as
a valuable tool for further decision making and management, as
compared with chemical analysis, laboratory tests and studies on
local organisms.84
5.2.2.1. Trophic effects. Effluents from LBMFFs may alter
the trophic status of the water bodies as a result of the large input
of organic matter. Measurement of parameters that enable
assessment of nutrient bioavailability and the eutrophication
potential in an aquatic system is therefore recommended to
indicate the possible ecological changes caused by the
LBMFFs.49 Trophic effects can be determined by laboratory and
in situ bioassays, and by direct measurements made in the field.
Fig. 4 Diagram illustrating the increase in the environmental realism
and accuracy of methods applied in relation to the amount and type of
monitoring (modified from Crane et al.84).
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Chlorophyll. The chlorophyll concentration in the water is an
indicator of biomass and primary productivity of phyto-
plankton87 and at a meso-scale level it may be useful for moni-
toring harmful algal blooms49 because these blooms are usually
triggered by enrichment of the ecosystem with nutrients (mainly
P and N). Nevertheless, chlorophyll measurements for aquacul-
ture monitoring may be limited to local use because of the
possible spatio-temporal variability.86
Cover by opportunistic macroalgae. The cover or biomass of
opportunistic macroalgae species has been proposed as an indi-
cator of eutrophication.88 Opportunistic macroalgae species with
annual life cycles are easily distinguished from perennial species
and their presence may directly affect local species.89 Reference
levels of the most abundant perennial macroalgae in the inter-
tidal zone90 must be known in order to evaluate eutrophication in
terms of the disturbance caused by imbalances. Only fixed
macroalgae located close to the output must be taken into
account since the visual evaluation of green tides caused by high
availability of nutrients is not suitable for assessing local impacts,
because different physical (temperature, light, hydrodynamics)
and biological factors (such as inter-specific competition and
grazing) may also determine the abundance of such tides, which
differ from one area to another.91
Variations in annual primary productivity. The parameter that
best characterizes eutrophic processes is the annual primary
productivity.92 However, because of the cost and complexity of in
situ measurement of macrophytobenthic production, measure-
ment of the biomass at the end of the growing season is often
preferred. Moreover, the high renewal rate of phytoplankton
biomass requires numerous measurements for accurate estima-
tion of annual production, which reduces the applicability of this
method.93
Algal growth bioassays. Algal growth bioassays can be carried
out with macro- and microalgae, in the laboratory and in the
field. Laboratory microalgae tests enable evaluation of the
trophic capacity of effluents94 and calculation of the dilution
necessary to prevent significant effects on growth,95 relative to
a control. These tests have also revealed the possible inhibitory
and inductory effects of LBMFF discharges on algal growth,
since on one hand, nutrients induce growth, and on the other
hand, toxic chemicals inhibit growth.95 Tests of the growth of
transplanted macroalgal discs and phytoplankton surveys in the
field have been found to be suitable for evaluating the trophic
effects of fish farming in the aquatic system.59,79 Algae exhibited
a clear negative gradient in nutrient absorption capacity along
with the distance from the farm, and responded rapidly (6–9 days
of exposure).
Given the information provided, fertility bioassays and
modelling local eutrophication by measuring nutrient bio-
accumulation (using e.g. d15N) are recommended as tools for
monitoring nutrient enrichment in order to predict environ-
mental degradation at local levels.
5.2.2.2. Toxic effects. Aquaculture requires the use of
chemical, man-made products to maintain healthy farm facilities
and improve production. Large amounts of these products are
released to the environment, where they represent a threat to
biota because of their capacity to enter organisms and disrupt the
normal functioning of target molecules, causing toxicity, firstly at
the cell level, but with potential consequences for organisms,
community and ecosystems.80 Study of the toxicity of emerging
man-made contaminants is fundamental for predicting and
preventing the impact of aquaculture on the environment.
Bacterial bioassays. Microorganisms are key members of
ecosystems, in terms of both biomass and ecological relevance,
since they play an essential role in geochemical cycles and energy
transformation.82 Some standardized bacterial tests are already
contemplated by the European environmental legislation (EU
Water Framework: Directive 2000/60 EC), e.g.Microtox. Such
tests respond to a wide range of chemicals and chemical
mixtures96 and have been shown to be suitable for assessing the
toxicity of biocides that are used in fish farming, such as anti-
biotics,97–100 disinfectants,101 and excretion products.
Microalgae bioassays. As the basis of the food chain, micro-
algae play a fundamental role in aquatic ecosystems, so that
alterations in microalgal populations may affect higher levels of
biological hierarchy and disrupt the ecosystem.102 The algal
growth inhibition test has also been standardized.103 De Orte
et al.95 found that microalgae species were highly responsive to
the metabolic waste and chemicals released from turbot
LBMFFs, and displayed sensitivities to biocides similar to those
displayed by bacteria, and greater than those displayed by fish
and invertebrates.
Sea urchin embryo development test.Most studies that monitor
the quality of seawater use at least one invertebrate as a test
organism. Tests with larvae or embryos of sea urchins, clams and
oysters are very sensitive to chemical compounds of different
types, and are simple and inexpensive.81 Tests using sea urchins
have been recommended for a wide spectrum of bioassays for the
evaluation of marine sediments, according to their applicability,
variability, cost-effectiveness, and standardization.104,105 The
suitability of sea urchin embryo development tests to evaluate
water quality affected by fish farming in cages and estuaries has
been demonstrated.55,106
Biochemical biomarkers. Biochemical biomarkers are
measurable molecular changes related to the metabolism of
xenobiotics, detoxification and toxicity induced by pollutants.85
They indicate the presence of toxic substances before these
substances produce damage at higher levels of biological orga-
nization, and can therefore anticipate irreversible environmental
damage. Biomarkers can be the endpoint of laboratory and
in situ bioassays using transplanted organisms, or they can be
measured in local organisms. Bivalve molluscs, especially Myti-
lus spp., are proposed as biomonitors for analyzing biomarkers.
Mytilus spp. are widely distributed and abundant on coasts
where LBMFFs are located. The suitability of Mytilus spp. for
this type of biomonitoring has been demonstrated, and the
natural variability of biomarkers has been defined.107,108
Histopathological biomarkers. Histopathological examination
of fish and invertebrates appears to be a valuable method for
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in situ assessment of short- and long-term toxic effects.109,110 The
sensitivity of sublethal histological responses enables accurate
identification of the real extent of anthropogenic impacts.111 The
study of histological damage in local and transplanted organisms
has been shown to be a reliable tool for evaluating the effects of
discharges from LBMFFs and the extent of the impact.78
5.2.3. Ecological integrity. Ecological integrity can be
measured in terms of community structure and functionality,
which can be described by macroscopic parameters that enable
detection of changes and comparison of scenarios. However, the
procedures involved in obtaining these parameters are often
complex, costly and slow.
Indices describing the relationships among taxonomic groups
of the plankton community can be applied, but these indices
show high spatial and temporal variability, so that their use
requires frequent and regular monitoring,112 and they are not
particularly useful for monitoring a local scale.
Table 3 Characteristics of the main components of the integrated model aimed at environmental monitoring of land-based marine fish farmsa
LOE Component Methodology Priority options
Contamination
exposure
Fish farm effluent - Sediment texture (a) Effluent parameters
(difference water outlet–input)








Biota zone A Key species; indicator species; and commercial
species
- Acid volatile sulfides




- d15N- Suspended solids
- Body burden of contaminants- Turbidity
(c) Invertebrates- Biological oxygen demand
- d15N- Organic matter


















Bioassays: - Vibrio fisheri (Microtox)
- Acute/chronic - Microalgal growth
- Laboratory/in situ with
transplanted species
- Embryo development
(sea urchins and molluscs)
Field surveys with local
species
(b) In situ bioassays
Macroalgae:
End points: - Growth (transplants)
- Fecundity Invertebrates
(bivalve transplants):- Larval development
- Survival (juveniles)- Growth/productivity




























Plankton zone A–B Phytoplankton; zooplankton
- Abundance
- Abundance
Pelagic zone A–B Fish
- Dominance
- Dominance
- Richness and species
diversity
- ABC curves
- Meta-analysis Colonizing community
(fouling test)- Aggregation of










a *Zones are defined by the spatial extent of the impact and on the basis of the residence time of the water mass.49 A: hours (local), B: days to weeks, C:
weeks to months (regional).
This journal is ª The Royal Society of Chemistry 2012 J. Environ. Monit., 2012, 14, 1305–1316 | 1313
The European legislative approach to managing and protect-
ing aquatic systems, the Water Framework Directive, includes
several multi-metric indices to assess the benthic ecological
quality of coastal and transitional waters, e.g. the benthic
ecosystem quality index (BEQI).113 These indices have shown
great consistency with anthropogenic pressure gradients in
different aquatic environments, and with each other, and are
emerging as valuable methods for evaluation of ecological
integrity.41 Nevertheless, they have been designed for assessment
of soft substrates, which are not found in the sites where intensive
LBMFFs are usually located. Therefore, surveillance of the
ecological integrity of highly exposed coasts should focus on
benthic indicators from hard substrates in the intertidal zone.114
Pollutants affect photosynthetic electron transport, causing
different effects, but always with the same consequence: a change
in pigment composition, particularly chlorophyll.115 Chlorophyll
fluorescence has been reported to be a reliable, rapid and
economic method for assessing the impact of contamination on
microalgal communities116–118 because it is directly related to
biomass and phytoplankton primary productivity.49
A valuable technique for monitoring the integrity of hard
substrate communities and the extent of the fish farm impact is to
study the colonizing capacity of these communities on clean,
sterile surfaces (fouling test).119 This fouling capacity can be
measured by placing artificial substrates along a gradient in the
zone of influence of discharges. However, the method is labo-
rious and expensive, results are slow to obtain and their analysis
is complex and time-consuming. Community analysis should
therefore be carried out with simple ecological indices based on
detection of bioindicator species (both opportunistic and
epiphytic).
6. Conclusions
Land-based marine aquaculture is presented to the public as
a clean activity. However, this is far from the truth. LBMFFs
release large amounts of organic matter and, to a lesser extent,
toxic chemicals to coastal waters. Moreover, effective controls
and regulations have not yet been developed. The apparent
absence of environmental effects is due to the strong hydrody-
namics on the coasts where facilities are located, which provokes
rapid dispersion of the contaminants, so that contamination of
the input water is avoided. Thus the area where the effects of
LBMFF discharges are observable or measurable is not very
large. In order to establish the boundaries of this area, the
parameters selected for evaluating the impact of LBMFFs
should be studied by following a non-linear gradient, starting at
the point of output of the LBMFF effluent and following the
direction of the prevailing current and by determining the pre-
operational state.
A WOE approach is recommended for designing EMPs to
include all aspects necessary for a comprehensive understanding
of the interactions between the activity and the coastal aquatic
system: the concentrations, bioavailability and the environ-
mental effects of the contaminants released. The different LOEs
should consider parameters that indicate ecological changes, and
not just mere descriptors of the actual conditions. The lack of
sediments in the receiving coastal areas has been found to be the
main limiting factor in the selection of parameters, since most of
the methods used to monitor aquatic systems affected by aqua-
culture activities focus on sediments. Therefore, specific EMPs
for LBMFFs are required owing to the particular characteristics
of intensive marine land-based aquaculture and the coastal areas
where farms are located.
The extent of contamination can be assessed by determining
the concentration of nutrients and chemical products in the
effluent and organisms, although this method is not recom-
mended for routine use in EMPs. On the contrary, the d15N signal
has been found to be a reliable, simple and rapidly measured
parameter for evaluating contaminant exposure over a spatial
gradient.
Bioassays are essential tools for assessing the real impact of
LBMFF, in contrast with conventional physico-chemical
parameters. Standard and rapid laboratory tests, complemented
with in situ bioassays and studies on local organisms, both
according to a spatial gradient, are strongly recommended.
Trophic effects can be reliably determined by measuring trans-
planted macro- and microalgal growth. Toxic effects can be
evaluated by measuring a wide spectrum of responses at different
levels of biological organization, including biochemical and
histological changes, physiological alterations, and survival, in
species from different trophic levels. A battery of tests including
at least one species of bacteria, one species of microalgae and one
invertebrate species is recommended.
The study of the ecological integrity is a complex issue and all
the available methodologies entail intensive work. Fouling tests
and the analysis of community structures, with special attention
to bioindicator species, will simplify such study.
The methods proposed here for an EMP for LBMFFs are
summarized in Table 3. The EMP could also be adapted to other
activities that impact highly exposed coasts, where sediment is
scarce.
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Abstract The nitrogen isotope ratio (δ15N) in tissues of
native macroalgae was evaluated as a means of indicating
the intensity and spatial extent of organic contamination due
to disposal of waste from land-based marine fish farms
(LBMFFs). Three species of macroalgae from the genus
Fucus and the green macroalgae Codium tomentosum were
selected for study. The study was carried out at seven flat
marine fish farms located in Galicia (NW Spain). Tests were
carried out to determine the intra-annual variation in δ15N
values and any differences between selected macroalgae.
The δ15N values enrichment was observed close to the
disposal point, and δ15N values varied more widely through-
out the year (±5.57 ‰) at sites affected by the marine fish
farm effluent compared to natural conditions (±2 ‰). No
significant differences in the isotopic signals were observed
in the different species studied (standard major axis). The
δ15N values of macroalgae may be an ideal means of detect-
ing the presence of LBMFFs effluents.
Keywords Fucus .Codium tomentosum . Pollution .
Monitoring . Bioconcentration . Aquaculture .
Eutrophication
Introduction
Aquaculture activity has increased greatly in coastal areas
throughout the world in recent years. This has been possible
due to the introduction of new technologies, the increased
availability of suitable sites, improvements in food technolo-
gy, improved understanding of the biology of the species
farmed, increased water quality within farming systems and
the increased demand for fish products (Read and Fernandes
2003). Worldwide, the sector has grown since 1970 and in
Europe represents almost 4 % of aquaculture production
worldwide (FAO 2010). In Galicia (NW Spain), the region
under consideration in the present study, the sector represents
86.95 % of the Spanish aquaculture production (APROMAR
2011). The Galician Aquaculture Plan contemplates, with
extensions and new installations, occupying some 3.106 m2
in land-based marine fish farms (LBMFFs), with an envisaged
intensive annual production of flatfish of 30,000 t year−1.
This intensive development has been accompanied by an
increase in the environmental impact of these activities
(Ervik et al. 1997; Fernandes et al. 2001). Eutrophication
is one of the most important of these impacts because of the
high levels of ammonium and nitrates that are released as a
result of aquaculture activity to coastal communities, which
are often limited by nitrogen (Cloern 2001). A variety of
indices have been developed to quantify the extent of eutro-
phication brought about by nitrogen loading, as taxonomic
shifts and changes in abundance of producers and consum-
ers take place (McClelland et al. 1997). However, the dis-
advantage of these indices is that the effects are only
C. Carballeira (*)
Marine Ecotoxicology, Área de Química Física,




Instituto Español de Oceanografía,
Centro Costero de A Coruña, 130,
A Coruña 15080, Spain
e-mail: ines.gonzalez@co.ieo.es
A. Carballeira
Ecotoxicología, Área de Ecología, Facultad de Biología,
Universidad de Santiago de Compostela,




detected when environmental disturbance has already oc-
curred. On the other hand, the water quality parameters
traditionally analyzed, i.e. dissolved nutrients, appear to
fluctuate significantly over short periods of time (Wolanski
et al. 2000). This implies that quantification is difficult and
is associated with a very costly intensity of sampling
(Dalsgaard and Krause-Jensen 2006; Sarà et al. 2004).
Analysis of the ratio of stable isotopes of nitrogen (δ15N)
appears to be an ideal alternative, as variations in the relative
abundance of the isotopes can be detected before coastal
communities undergo alterations in structure and function.
The method is based on the fact that nitrogen has two stable
isotopes, a light isotope, 14N, and a heavier isotope, 15N,
which occur at a constant proportion in the atmosphere,
respectively, 99.635 % and 0.365 % (Nier 1950). Isotopic
abundance is reported on a delta scale (δ), which indicates
the deviation (expressed in per mille) of the isotopic com-
position of a sample from an internationally accepted stan-
dard, the air (e.g. Robinson 2001).
However, this proportion varies according to the different
metabolic routes that a molecule follows, as the diverse reac-
tions produce different fractioning of the heavy isotope (15N)
(Struck 2012). Significant variations in the natural abundance
of 15N in marine organisms were first documented in the 1950s
(Hoering 1955), but the earliest specific studies of nitrogen
isotopic abundance in marine systems were carried out in the
mid 1960s (Minagawa and Wada 1984; Miyake and Wada
1967; Wada et al. 1975; Wada and Hattori 1976). Tracking
these variations in the environment was found to have many
novel applications in ecological studies, e.g. migration studies,
trophic chains and paleoecological studies (Michener and
Lajtha 2007; Struck 2012). Such applications included analysis
of δ15N to indicate sources of nitrogen in marine systems,
although this was not applied until the 1990s (Costanzo et al.
2001; Dailer et al. 2012; Lamb et al. 2012; Mattern et al. 2011;
Rogers 1999; Savage 2005; Umezawa et al. 2002). The use of
stable isotope analysis to trace organic contamination is based
on the fact that different anthropogenic sources of nitrogen alter
the baseline levels of δ15N values of marine systems (Heaton
1986), so that the method can be used to trace and quantify the
nitrogen inputs (Filgueira and Castro 2011; Struck 2012).
In marine systems, different matrices (biotic and abiotic
samples) can be used for isotope analysis (Lamb et al.
2012). However, the advantage of using biotic samples
rather than environmental samples (i.e. water and sediment)
is that information about the bioavailable fraction, i.e. that
associated with the potential risk of eutrophication, can be
obtained (Lapointe et al. 2007; Yang et al. 2008). Amongst
the biotic samples used, macroalgae have all the main char-
acteristics required for biomonitoring metals (Carballeira et
al. 2000; Viana et al. 2010) and nutrients (Villares and
Carballeira 2003, 2004, 2006). Macroalgae are very sensi-
tive to changes in water quality induced by human activities
and have been used as biomonitors of δ15N values of many
environmental studies (Dailer et al. 2012; Deutsch and Voss
2006; Lamb et al. 2012; Lapointe 2010; Riera et al. 2000;
Savage 2005; Savage and Elmgren 2004; Viana et al. 2011).
Moreover, macroalgae absorb dissolved inorganic nitrogen
in the water (Lobban and Harrison 1994) and accumulate it
in their tissues without mobilising it, and are therefore not
affected by sporadic episodes. In this way, the δ15N values
of macroalgae accurately reflect the mean concentration of
nitrogen in water sources (McClelland et al. 1997; Vosz and
Struck 1997), and the long turnover time allows temporal
integration of the 15N source signal (Costanzo et al. 2001).
For all of these reasons, using the δ15N values of macro-
algae and other autotrophic organisms to detect the presence
of effluents from land-based aquaculture (Costanzo et al.
2001; Jones et al. 2001; Lin and Fong 2008; Vizzini and
Mazzola 2004), and of aquaculture settlements in general
(Dolenec et al. 2006; García-Sanz et al. 2010; Lojen et al.
2005), has become more popular in the last few years. Fish
farm waste generally has significantly higher δ15N values
because the heavier isotope 15N remains in the effluent source
while the lighter isotope 14N is volatilized through microbial
processes (Heaton 1986; Macko and Ostrom 1994; Van Dover
et al. 1992). However, further basic information is required in
order to establish standardized protocols.
There is a lack of information about aspects such as
interspecific differences or the natural seasonal variation of
δ15N values of macroalgae (Lapointe et al. 2007). Further-
more, nitrogen naturally occurs in the marine environment,
so it is important to evaluate the differences between the
natural (background) δ15N values of macroalgae and those
affected by waste disposal. Different species of native or
transplanted macroalgae have been used in marine fish farm
studies, but always on offshore fish farms (cages) or shrimp
ponds, with very scarce reference to any studies of the
effects of LBMFFs (Vizzini and Mazzola 2004).
The aim of the present study was to test the effectiveness of
the δ15N values of macroalgae for assessing the detection of
LBMFFs effluents and the magnitude of nutrient enrichment.
In addition, in order to design better protocols for biomonitor-
ing these industries, the following aspects related to δ15N
values of macroalgae were considered: (a) interspecific differ-
ences of δ15N values between species, (b) annual variability in
marine fish farm loads, and (c) comparison between the δ15N
of background and those observed near farms.
Materials and methods
Macroalgal surveys were conducted in Galicia (NW Spain),
in July 2008. Seven LBMFFs, situated in coastal areas with
different hydrodynamic conditions and in absence of other
nearby sources of organic contamination, were selected
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(Fig. 1). All of these were dedicated to the cultivation of
flatfish, basically turbot (Psetta maxima). At each of the
seven marine fish farms, between three and eight locations
were located on an exponential gradient (approximately 0 to
1,500 m) from the emission point and in the direction of the
predominating current (Fig. 1). The mean production on the
farms fluctuated between 44 and 2,250 t year−1 (Table 1).
The mean concentration (n022) of total nitrogen in the input
and output water from the LBMFFs under study was 1.34±
0.17 and 1.78±0.24 mg L−1, respectively, whereas the con-
centration of ammoniacal nitrogen was 2.33±1.35 and 2.42
±1.56 mg L−1, respectively.
The surveys were carried out at low tide in the mesolit-
toral zone. Each location included 20 m of coastline. At
each location, more than 30 specimens of macroalgae at-
tached to the substrate were collected systematically,
following a zigzag line, with the aim of covering the degree
of variability in the inter-individual concentrations. The
specimens were combined to make a composite sample for
each location, washed in situ with seawater and transported
at 4°C to the laboratory where they were stored at −30°C
(for less than 1 month).
The material was defrosted at room temperature before
processing. It was then washed carefully with abundant
filtered seawater in successive stages, to remove, as effi-
ciently as possible, any sediment and epiphytes; old and
damaged parts of the plants were discarded. The distal
3 cm of the shoots were used to determine the concentra-
tions; these portions were separated from the rest of the
plant with a glass spatula, and the samples were homoge-
nized in a laboratory blender. All of the material was dried at







































































Fig. 1 Map showing the location of Galicia in NW Spain, the location
of the study areas in Galicia (solid triangles) and the location where
more than one species coexist are represented by opene circles.
Enlargements show the surroundings of the land-based marine fish
farms studied (different scales). In the enlarged figures of the marine
fish farms, the sampling locations are shown in letters along a down
current gradient from the point of discharge to 1,500 m (Table 1). The
solid star (fish farm IV) indicates the clean site sampled monthly. The
arrows indicate the input (grey) and output (black) of water from the
land-based marine fish farms, which are shown as grey areas
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ultracentrifugal mill (Retsch ZM 100). Dried samples were
stored at room temperature in glass vessels.
Biomonitors
For this study, the macroalgae Fucus vesiculosus was se-
lected as the main biomonitor, as it is very abundant in the
study area. However, in the relatively small area of influ-
enced by the farms, it is not always possible to find F.
vesiculosus, so other species that are ubiquitous on the coast
of Galicia (Fucus spiralis and Fucus serratus) were chosen
as secondary biomonitors. In those cases in which no mem-
bers of the Phaeophyceae were found, the chlorophyte
Codium tomentosum was used, as it is often present in the
area of influence of marine fish farms.
Stable nitrogen isotope (δ15N) analysis
Aliquots (3 mg) of the dried samples were weighed and
packed into tin capsules (EuroVector). The capsules were
stored in a desiccator until δ15N analysis (carried out in the
Unidad de Técnicas Instrumentales de Análisis (UTIA),
Servicios de Apoyo a la Investigación, University of A
Coruña). The samples were combusted in an elemental
analyzer (FlashEA1112: ThermoFinnigan) coupled to an
isotopic ratio mass spectrometer (Deltaplus: ThermoFinni-
gan). Acetanilide was used as the reference standard for
quantifying the nitrogen content. Calibration of the refer-
ence gas for atmospheric 15N was carried out with IAEA-N-
1 ((NH4)2SO4), IAEA-N-2 ((NH4)2SO4) and IAEA-NO-3
(KNO3) as standards.
The isotopic ratios (15N/14N) of the samples were com-
pared with the standard (atmospheric N2), so that compara-
ble proportions were obtained. The relative abundance of
15N in the sample (δ15N) was calculated from the formula:
, where R is the 15N/14N ratio.
The overall error was determined by use of analytical repli-
cates and constitutes a measure of the precision of the
technique, as it is the coefficient between the standard
deviation of the replicates and the number of replicates.
The overall error of the replicates of 30 samples was 2 %.
Interspecific differences in δ15N values of macroalgae
The difference between δ15N values of the four species of
macroalgae was evaluated by the following comparisons of
pair of species: F. vesiculosus and F. spiralis, F. vesiculosus
and F. serratus, F. spiralis and F. serratus, and F. vesiculo-
sus and C. tomentosum. For this, 12, 8, 6 and 11 locations
were used in 2008 and 2009 where each pair of species
coexisted (Fig. 1). To study interspecific differences, the
model parameters (slopes and elevations) for interspecific
bioconcentration regression lines [standard major axis
(SMA)] for each pair of species were compared with the
line of slope 1 and elevation 0, by use of the t statistic. The
difference between estimated and hypothesised slope and
elevation to the standard error of elevation was thus com-
pared (Warton and Ormerod 2007). The calculations were
Table 1 δ15N values of (A) Fu-
cus vesiculosus and (B) Codium
tomentosum from the 7 seven
land -based marine fish farms at
the respective sampling loca-
tions (A-–H) arranged in in-
creasing distance from the point
of effluent discharge and annual
production at the time of sam-
pling. The bold and underlined
values in (A) represent locations
where F. spiralis and F. serratus
were sampled, respectively. The
shaded areas represent locations
< 50 m from the point of effluent
discharge
The bold and underlined
values in (A) represent locations
where F. spiralis and F. serratus
were sampled, respectively. The
values in italics represent loca-




A B C D E F G H
(A) Fucus vesiculosus
Fish farm I west 2,250 5.24 5.62 11.17 9.77 9.57 -– -– -–
Fish farm I east 9.25 -– 10.41 8.14 -– -–
Fish farm II 292 6.37 8.44 7.89 6.22 -– -– -– -–
Fish farm III 307 5.11 8.1 -– 5.98 -– -– -– -–
Fish farm IV 1,194 -– -– -– -– -– -– 5.7 5.72
Fish farm V 347 -– -– -– -– -– -– -– -–
Fish farm VI 44 4.41 8.29 5.67 -– -– -– -–
Fish farm VII 285 1.27 8.6 -– -– -– -– -– -–
(B) Codium tomentosum
Farm A B C D E F G H
Fish farm I west 2,250 -– -– -– 8.84 -– -– -–
Fish farm I east -– -– -– 10.28 9.11 9.35 -– -–
Fish farm II 292 -– -– -– -– -– -– -– -–
Fish farm III 307 2.85 7.87 6.58 -– -– -– -– -–
Fish farm IV 1,194 5.1 9.93 9.84 9.3 8.14 5.92 5.57 5.57
Fish farm V 347 1.7 4.9 5.6 6 -– -– -– -–
Fish farm VI 44 4.77 8.46 6.41 -– -– -– -– -–
Fish farm VII 285 2.87 9.24 9.44 8.33 -– -– -– -–
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carried out with the “smatr” package (Warton and Ormerod
2007), under R (R Development Core Team 2008).
Establishment of the regional reference levels of δ15N
values of macroalgae
Data from a prior survey conducted for different purposes
were used in the present study. The samples were collected
in a regional coastal survey carried out in July 2007 in
Galicia, and deposited in the Environmental Specimen Bank
of Galicia (ESBG). The sampling locations in the study
were located at distances of more than 300 m from drains,
ports or industrial facilities, and more than 150 m from the
mouths of first- or second-degree rivers. The data from this
survey, as well as the methods of sampling and processing
the macroalgae deposited in the ESBG, are described by
Viana et al. (2011).
Seasonal variability in δ15N values of macroalgae
The study was conducted at three locations, one of which
was located at a supposedly clean site (Fig. 1), and two were
located in the surroundings of two different marine fish
farms (site C at fish farms II and III, Fig. 1). Samples of F.
vesiculosus were collected at each of the three locations, and
at fish farm III, F. spiralis was also sampled. Each location
was sampled every month (ten replicates at each location) so
that there were a total of 12 mean samples from each
location. The experiment began in February 2009 and ended
in January 2010.
Results
The individual δ15N values of macroalgae collected at the
different locations are shown in Table 1. The locations are
ordered from A to H, being A, the closest, and H the furthest
from the waste disposal point. Those locations at which a
species other than F. vesiculosus was sampled are shown in
Table 1. Similar δ15N values were obtained in different
macroalgae sampled at the same S.S [see e.g. fish farm VI
(Table 1)]. In all species, there was enrichment of δ15N
values of the macroalgae collected from between 100 and
500 m from the marine fish farms (sites B to D). The δ15N
values decreased gradually with increasing distance from
the dumping point, except in some cases in which similar
values were maintained at all locations, for both high values
(fish farm I) and low values (fish farm V).
The δ15N values of the different species studied are com-
pared in Fig. 2. There generally were no significant differ-
ences between the slopes and elevations of the pairs of data
studied and the line of slope 1 (p>0.05, null hypothesis
accepted); however, the comparison between F. vesiculosus
and F. serratus revealed significant differences between ele-
vations (Fig. 2). The kernel smoothing distribution of the
values of δ15N values of F. vesiculosus in the 2007 BEAG
survey are shown in Fig. 3; this corresponds to a normal
distribution (Shapiro–Wilk and Kolmogorov–Smirnov). The
distribution of the combination of all of the macroalgae locat-
ed nearby the marine fish farms (Table 1) was slightly skewed
to the right with respect to the control distribution (Fig. 3).
With regard to the seasonal variation in the δ15N values
of macroalgae, the results showed that δ15N values did not
vary more than 2 ‰ during the year at the control site
(shaded areas, Fig. 4). By contrast, the range of variation
in δ15N values of macroalgae affected by waste discharging
from the marine fish farms varied by about 5.57‰ through-
out the year. The highest value of δ15N was observed in
August in both farms and in both species sampled
(F. vesiculosus and F. spiralis). This maximum was not
synchronous with that of the control location, which oc-
curred in November (Fig. 4). The variation of δ15N values
throughout the year in the two marine fish farms under study
is likely not to enable the detection of farm effluents to be
deduced from a single annual sample. Because of this,
controls with macroalgae may be carried out during the
period July to September (Fig. 4), with the aim of selecting
the maximum annual value of δ15N.
Discussion
The concentrations of dissolved elements and the deposition
of particulate residues in the surroundings of a marine fish
farm largely depend on the relationship between the produc-
tion rate of the farm and the dispersive capacity of the
environment (Carballeira et al. 2012). This relationship
varies temporally and spatially and can give rise to multiple
environmental interactions that may generate different types
of perturbations and responses from the biota (Tello et al.
2010). Bacteria preferentially use 14N; thus, marine fish
farm effluents are enriched in 15N (Heaton 1986), which
will be uptaken by primary producers. For this reason, the
usefulness of δ15N measured in macroalgae as monitoring
biotool of intensive LBMFFs was assessed (Table 1).
To date, the analysis of δ15N values has been used to
evaluate the effects of disposal of aquaculture activities with
red macroalgae and one brown macroalgal species (Jones et al.
2001; Lin and Fong 2008; Vizzini and Mazzola 2004). How-
ever, the results obtained in the present work confirmed that
macroalgae of the genera Fucus and C. tomentosum success-
fully detected the extent of the waste. The isotopic signal was
enriched in the macroalgae close to the disposal point, and the
maximum values were even higher than in previous studies
(Table 2). The highest macroalgal δ15N values of samples
affected by the effluents from the turbot farms ranged from
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7.8 ‰ to 11.17 ‰ (Table 1), whereas values reported in the
literature vary between 4.2 ‰ and 7.1 ‰ in red macroalgae
from the surroundings of shrimp farms (Costanzo et al. 2004;
Jones et al. 2001; Lin and Fong 2008). In LBMFFs, Vizzini
and Mazzola (2004) observed maximum macroalgal δ15N
values of 6.3±1.2 ‰. Isotopic enrichment in macroalgae in
the surroundings of LBMFFs may be related to isotopic differ-
ences in the fish food used. The mean value of δ15N values of
the pelleted food provided to the turbot (Nutreco Aquaculture,
Skretting) was 7.43±0.45 ‰, while the value of the pelleted
food used on shrimp farms was 6.3±0.6 ‰ (Landrum and
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Fig. 2 Standard major axis
lines of the δ15N values (‰)
(per mille) from the pairs of
species studied are represented
by fine lines,; dashed lines
represent a line with a slope
equal to 1. The value of the
significance of the comparison
of the slopes and elevations are


















Fig. 3 Distribution of the regional reference values of δ15N in Fucus
vesiculosus (BEAG, 2007 survey) and distribution of the macroalgae
(genus Fucus and Codium tomentosum) collected around the 7 seven













Fig. 4 Monthly variations in δ15N (‰) (per mill) in Fucus vesiculosus
(site C at fish farm II and fish farm III and at a control site, solid star at
fish farm IV, Fig. 1) and Fucus spiralis (site C at fish farm II, Fig. 1) for



























































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































Montoya 2009), and that in the food used on the farms studied
by Vizzini and Mazzola (2004) varied between 6.2 ‰
and 11 ‰, according to Sarà et al. (2004).
The degree of effluent detection varied between the
farms under study, as a result of differences in production
(which determined the amount of dumping) and location
(since sites presented different dispersive capacity). The
waste from farm I is dumped in a harbour (Fig. 1) where
there was a relatively low rate of hydric renovation, so the
δ15N was not less than 8 ‰ in any of the locations within
the harbour. In regard to the farms located in zones where
there was a high degree of hydrodynamism, the higher the
production, the larger the area of influence (Table 1). Thus,
the area of influence of farm IV with an annual production
of 2,250 t (Table 1) was 800 m (site F), whereas for farm III
(308 tyear−1) and farm VI (43 tyear−1), which dumped
their waste in similar environments, the area of influence
was less than 200 m in the predominating direction of the
current.
Interestingly, the location most enriched in δ15N did not
correspond to those located closest to the focal point of dump-
ing from these LBMFFs (site A, discharge point, Table 1),
contrary to the results from similar studies of macroalgal
δ15N values in the vicinity of aquaculture farms (Costanzo et
al. 2004; Jones et al. 2001; Lin and Fong 2008; Vizzini and
Mazzola 2004). In these location, the δ15N was impoverished,
and it was even below the control site value in all of the farms
under study (0.08–5.1 ‰ in C. tomentosum and 1.27–6.37 ‰
in Fucus sp., Table 1). These results agree with those of Rogers
(1999) where impoverishment of δ15N values in Ulva lactuca
was observed adjacent to an urban waste dump, where the δ15N
decreased from 7.8 ‰ at the reference site to 3.4 ‰ in the
location closest to the dumping point. This was associated with
the particulate organic matter (POM), for which the δ15N was
similar (3.2‰), but which did not represent the fraction of N
available to macroalgae. Another hypothesis can be that frac-
tionation (preferential use of 14N over 15N) may occur during
assimilation of nitrogen in primary producers when excess
nitrogen is available for uptake. However, this seemed to be
only true for phytoplankton (see e.g. Pennock et al. 1996),
where lower δ15N values were observed in producers relative
to their source. Contrarily, different laboratory-based studies
demonstrated that the δ15N values of macroalgae accurately
reflected nitrogen from water sources, even at high concentra-
tions (Cohen and Fong 2005; Naldi and Wheeler 2002). Final-
ly, the exceptionally low δ15N values from the sites closest to
the output may be related to pH. The mean pH of the input
water was 8.03±0.03 and that of the output water was 7.81±
0.06 (average value of 68 samples from the marine fish farms
studied provided by the water quality monitoring agency,
Aguas de Galicia; Carballeira et al. 2012). Another possible
explanation for the lower δ15N values at the point of discharge
and subsequently higher values along the coast is that the
majority of the N in the effluent is ammonium. Macroalgae
incorporate seven times more NH4
+ than NO3
− (Deutsch and
Voss 2006) through passive diffusion (Vallyathan et al. 2002).
The oxidation of NH4
+ to NO3
− increases δ15N values (Hadas
et al. 2009). Therefore, as the ammonium-rich effluent moves
away from the point of discharge, more andmore ammonium is
oxidized to NO3
−, and the δ15N values subsequently increase.
It must therefore be taken into account that the determi-
nation of δ15N values of macroalgae sampled at only one
location located close to the dumping point may not ade-
quately reflect the influence of the marine fish farm, and
may lead to erroneous conclusions. In this way, the δ15N for
detecting LBMFFs effluents should be studied following a
non-linear gradient, starting at the discharge point of the
LBMFF effluent and following the direction of the prevail-
ing current (Carballeira et al. 2012; Lapointe et al. 2007).
Reference sites may be located at the opposite direction of
the prevailing current, where most LBMFFs pump the input
water, which must be clean. However, when cost is a limit-
ing factor, a single location can be used to standardize the
area of exposure. This measure requires the establishment of
a maximum intra-annual δ15N threshold value that should
not be surpassed at a standard distance. For this type of
LBMFFs and results, the standard distance must be more
than 200 m from the waste disposal point, to ensure oxida-
tion of the ammonium and re-equilibrium of the pH of the
outgoing water with the environment so that it does not
inhibit absorption of the N emitted.
The results from this study showed that the δ15N values of
macroalgae acted as descriptor of exposure, an indicator of the
interaction between the loading estimate and the dispersive
capacity of the environment, providing accurate information
about the degree of contamination and the area of influence of
a farm (Carballeira et al. 2011). However, despite the suitabil-
ity of using native macroalgal δ15N values to trace fish farm-
ing activities, certain aspects must be addressed before any
plan for monitoring this type of industry can be implemented.
These include (1) macroalga interspecific differences, (2)
determination of the regional reference ranges of δ15N and
(3) intra-annual variability of δ15N.
Macroalgal interspecific differences
As different biomonitors are sometimes used at different
sites, it was essential to determine whether there are any
interspecific differences in the δ15N values amongst species.
Moreover, this may be necessary because of the tendency
for shifts from perennial, native populations in areas
enriched with nutrients, to opportunist macroalgae (Tett et
al. 2007), which may lead to the need to substitute the
species selected as a primary biomonitor. Umezawa et al.
(2002) suggested that macroalgae that grow with the same
inputs of nutrients (at least between taxonomically related
J Appl Phycol
species) have similar values of δ15N. However, Deutsch and
Voss (2006) observed large differences in the δ15N values of
Enteromorpha sp. and Ulva sp. even at the same stations.
Although several authors have used different macroalgae as
biomonitors of δ15N (Gartner et al. 2002; Piñón-Gimate et
al. 2009; Riera 1998; Tucker et al. 1999), only one quanti-
tative comparison between the different types of macroalgae
has been carried out until now (Dailer et al. 2010). In the
present study, no significant differences in δ15N were ob-
served between the species that co-occur at the same loca-
tion. For comparison between F. vesiculosus and F. serratus,
the occurrence of significant differences between slopes
(Fig. 2) was attributed to the small range of δ15N values,
so the slope could not be estimated accurately. This reflected
a problem in the distribution of the data rather than real
differences between the two species.
Determination of regional δ15N values
Knowledge of the regional reference levels of δ15N values
of macroalgae may help to provide a more objective inter-
pretation of the results obtained in local studies. The δ15N
average value from marine macroalgae worldwide is 7 ‰
(±4 ‰; Owens et al. 1988; Wada et al. 1975). Natural
values from different species of macroalgae in different
estuarine and marine environments range between 0.01 ‰
and 7.3 ‰ (Burford et al. 2003; Dailer et al. 2010; Gartner et
al. 2002; Jones et al. 2001; Lin and Fong 2008; Rogers 2003).
Because of the large natural variation in δ15N values of
macroalgae, it appears that the reference range must be estab-
lished for each species in a particular region. The regional
reference range in the study area was 5.48±1.18‰ (calculat-
ed from the ESBG 2007 survey data, Fig. 3). Taking into
account the distribution of values, it was found that the loca-
tion furthest from the dumping point (sites D to H, Table 1)
were within the established regional reference range, and
therefore outside the area of influence of the farms. These
locations defined the first modal value observed in the distri-
bution of all the locations sampled in the surroundings of
marine fish farms (Fig 3), and which were almost consistent
with the modal value of the distribution of the regional refer-
ence values. The second modal value, which was higher than
the reference range, corresponded to sites that were apparently
more influenced by dumping from the marine fish farms. The
left tail of the distribution, with values of δ15N lower than
reference values, was formed by the sites closest to the waste
emission points (site A, Table 1). The wide fluctuation in the
δ15N signal in macroalgae, from 5.48 ‰ (control) to 11.7 ‰
(maximum value observed), enabled better identification of
the degree of exposure to the contaminants relative to that in
other organisms showing narrower ranges of variations (Lamb
et al. 2012).
Intra-annual variability
Macroalgal δ15N values obtained at one particular time of year
may not be representative of the entire year because of the
potential annual variability in the δ15N values of the source
effluent. Although at the control site, the mean δ15N value was
approximately 6.29±1.19‰ throughout the year (Fig. 4), the
δ15N of macroalgae sampled at the sites affected by disposal
from the marine fish farms varied by 5.57‰ (4.67‰ to 10.24
‰), the highest values being observed during summer, when
the highest temperatures were recorded, and in consequence,
the greatest rates of fish production were expected. However,
the maximum annual value for the control was not synchro-
nous with the maximum value for any of the locations affected
by the marine fish farms.
In conclusion, the present study has shown that macroalgal
δ15N values may be an excellent way of monitoring exposure
to organic wastes frommarine fish farm effluents. This param-
eter integrated environmental conditions and provided infor-
mation about the bioavailable fraction of nitrogen. It was easy
to interpret and highly replicable. Furthermore, macroalgal
δ15N values determined the area of influence and the variation
of influence over time. The results obtained also showed that
there were no significant differences in δ15N values measured
in the species Fucus spp. and C. tomentosum; therefore, these
macroalgae can be used indistinctly as biomonitors.
However, for future studies, correlations should be estab-
lished between the changes in the descriptor of exposure
(δ15N), and direct or indirect changes in the composition or
functioning of the affected coastal ecosystems in order to
evaluate whether δ15N values can be used to predict environ-
mental deterioration. This way, environmental monitoring
could be performed by using this simple, cheap and rapid tool
in replacement of more complex measurements.
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a b s t r a c t
Sea urchin embryo-larval development (ELD) and fertilization tests have been widely used in ecotoxicity
studies and are included in regulatory frameworks. Biological processes occur naturally within a range of
salinity that depends on the species considered. In an attempt to determine the optimum range of
salinity, ELD and fertilization bioassays were performed at different salinities (15e40.5&) with two
species of Atlantic sea urchin: Arbacia lixula and Paracentrotus lividus. In the ELD assay, the optimum
range of salinity was wider for A. lixula (29e35.5&) than for P. lividus (29e33&). In the fertilization assay
with P. lividus as a bioindicator species, the highest percentage of fertilization (90%) was obtained at
salinities of between 29 and 33&. More research on A. lixula is required, since the fertilization success
was below 60%. The results of the present study demonstrate that salinity may be a confounding factor in
interpreting ELD test results.
 2011 Elsevier Ltd. All rights reserved.
1. Introduction
Bioassays with marine organisms have been developed as
a cost-effective method of evaluating marine water and sediment
samples from contaminated sites. Standardized toxicity tests are
useful in coastal ecosystem management, but require a readable
endpoint to be established and identification of any confounding
factors that may interfere with the measured response (OSPAR
Comission, 2007). Bioassays enable detection of the effect of
contaminants in the environment by measuring the responses of
marine organisms, particularly at early life stages (His et al., 1999).
Furthermore, bioassays are preferable to chemical analyses as they
provide information about the bioavailability and toxicity of metals
and mixtures of substances to organisms (Peters et al., 2002).
Toxicity tests with early life stages of aquatic organisms have been
proposed as a faster and more cost-effective method of testing
chemicals and environmental samples than chemical analysis
(Dinnel et al., 1987). Newly hatched larvae constitute particularly
critical and sensitive stages, because at hatching the embryos lose
their protective membrane and are fully exposed to potential toxins
(Beiras et al., 2003).
Sea urchin toxicity tests, which use fertilization and larval
development endpoints, are considered worldwide as useful tools
for assessing toxicity in marine environments. These acute toxicity
tests have been applied to determine the toxicity of sediments
(elutriated sediments and porewater) (Beiras et al., 2003; Cesar
et al., 2004; Geffard et al., 2001) and sea water (Beiras et al.,
2001; Saco-Álvarez et al., 2010) under laboratory conditions, and
have been included and standardized by several national environ-
mental agencies (Environment Canada, 2011; USEPA, 2002).
It is well known that, for the purposes of risk assessment,
a multispecies approach toward ecotoxicological testing is funda-
mental for accurate environmental management and ecological
risk assessment procedures (Van Straalen, 2002). Thus, tests should
be standardized, include exposure in the water phase (for marine
assessment), be reasonably practicable, costs should be appropriate
for the amount of information obtained, and organisms should be
indigenous and sensitive to a broad spectrum of contaminants
(Peters et al., 2002).
Paracentrotus lividus Lamarck 1816 (rock sea urchin) is a species
commonlyused inmarine toxicity tests.One important characteristics
of this species as bioindicator is its wide distribution, throughout the
Mediterranean Sea and in the north-eastern Atlantic (Boudouresque
and Verlaque, 2007). Arbacia lixula Linnaeus 1758 (black sea urchin)
has been found to share habitatwith P. lividus in several zones, both in
Mediterranean and Atlantic coasts (Boudouresque and Verlaque,
2007; Martínez-Pita et al., 2010; Privitera et al., 2008; Tuya et al.,
Abbreviation: ELD, Embryo-Larval development.
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2007). Therefore, it may also be a good candidate for toxicity testing.
Despite these species can share habitat (shallow waters on rocky
shores), their niches appeared not to be totally overlapped because of
different substrate and feeding preferences (Boudouresque and
Verlaque, 2007; Régis, 1979; Tuya et al., 2007). Régis (1979) sug-
gested that structuralparticularitiesofbothP. lividusandA. lixulacould
be adaptations to face physical stress, since the former usually occurs
on horizontal or slightly inclined substrates, while the latter usually
occurs on vertical substrates. In the Mediterranean Sea, P. lividus has
been reported to feedmainly on erect algae (fixed or freemacroalgae),
seagrass and particulate matter, and it can even create a type of
ecosystem known as sea urchin barrens, characterized by the absence
of macroalgae and the presence of encrusting algae (Boudouresque
and Verlaque, 2007). A. lixula, on the other hand, has been reported
to graze encrusting coralline algae and possibly sessile invertebrates
(Boudouresque and Verlaque, 2007; Tuya et al., 2007). Nevertheless,
differences on nutrition habbits may depend on the available food
resources (Boudouresque and Verlaque, 2007; Privitera et al., 2008).
Embryo-larval bioassays have proved to be very sensitive indi-
cators of seawater contamination (Bay et al., 1983) because larvae
represent critical stages of life (Connor, 1972).
The use of fertilization and embryo-larval development (ELD)
toxicity bioassays to assess marine sediments and seawater pollu-
tion in a monitoring procedure in coastal areas requires analysis of
the sensitivity of native sea urchin bioindicator species, together
with standardization and optimization of the toxicity tests, which
in turn requires identification of the different parameters that may
alter the accuracy of the readable endpoint.
Fertilization and larval development tests with P. lividus have
showngoodconsistencybetween tests results andpollutant contents
(Beiras et al., 2003). On the other hand, other endpoints have been
described, such as changes in pigmentation (Bay et al., 1983), growth
(Beiras et al., 2001; Saco-Álvarez et al., 2010), dynamics of the first
cleavage (Vaschenko et al., 1999), developmental arrest and larval
malformations (Arslan and Parlak, 2007; Carballeira et al., 2010), as
well as bioaccumulation of metals in larvae (Radenac et al., 2001).
In contrast, A. lixula has not beenwidely used for toxicity testing
(Arslan and Parlak, 2007; Castagna et al., 1981; Máximo et al.,
2008), although in some studies it has been used in conjunction
with P. lividus (Cesar et al., 2002, 2004; 2009; Marín-Guirao et al.,
2005a, 2005b). However, no comparative study has been made of
the differences in sensitivity between the two species.
As regards the identification of physicochemical parameters
that may alter the accuracy of the measured endpoint, it is
important to consider the salinity, pH, dissolved oxygen and
concentration of ammonia, as these have been described as
possible confounding factors that may lead to alteration of false
positive results (Saco-Álvarez et al., 2010).
In this work, particular attention has been paid to salinity. It has
been demonstrated that pollutant uptake, accumulation and
toxicity decrease at high salinities (Barbieri, 2010; Shukla et al.,
2007; Verslycke et al., 2003), and that salinity can modify
thermal tolerance (Alderdice and Forrester, 1971). Besides, salinity
may affect survival (Fernandez et al., 2006), reproduction, devel-
opment (Kashenko, 2007; Nissling et al., 2006) and growth (Boeuf
and Payan, 2001) of marine and estuarine organisms, embryos and
larvae showing less tolerance to salinity changes than adults.
Nevertheless, the tolerance ranges appear to depend on the origin
of the adults (His et al., 1999), e.g. the optimal salinity for medi-
terranean P. lividus larval development was settled, depending on
temperature, at 33& (24 C) (His et al., 1997) and between 34 and
35& (18e20 C) (Bressan et al., 1995), while for atlantic P. lividus it
was between 28 and 34& (Pétinay et al., 2009). For this reason,
establishing optimal ranges of salinity for the species in different
geographical locations can be important.
The developmental patterns and spatial distribution of many
marine invertebrates are known to be influenced by variations in
salinity (Roller and Stickle, 1993), which is possibly influenced by
larval tolerance to salinity. The US Environmental Agency (USEPA,
2002) recommends that any discharges to the sea should not
generate changes in salinity of more than 4&, at a local level, with
the purpose of avoiding damage to marine life.
The main aim of the present study was to optimize fertilization
and larval development toxicity tests with the sea urchin species
P. lividus and A. lixula from the south-west of the Iberian Peninsula
by establishing the optimum range of salinity for toxicity testing for
each species and endpoint. Previous studies have proposed the
optimization and standardization of the sea urchin tests, however,
they have been focused on the influence of the gamete suspension
characteristics or the laboratory material (Lera et al., 2006), the
selection of the endpoint (Saco-Álvarez et al., 2010), and the culture
of parent sea urchins (Nelson et al., 2010; Pétinay et al., 2009). The
tolerance of the species to different salinities (i.e. whether they
were stenohaline or euryhaline) was considered in determining
whether differences in species sensitivity are only due to differ-
ences in dermal uptake or are also due to internal physiological
mechanisms of the early life stages.
Moreover, the suitability of carrying out fertilization and larval
development tests at different salinities in risk assessment proce-
dure will be discussed, taking into consideration the results ob-
tained and the cost-effectiveness of the bioassays.
2. Material and methods
2.1. Sample processing
A stock solution of artificial seawater of 40.5& salinity was
prepared according to Lorenzo et al. (2002). The use of artificial
seawater for sea urchin larval development test has been recom-
mendedwhennatural seawater isnot available (Hiset al.,1999; Saco-
Álvarez et al., 2010), it has been taken into consideration for the sea
urchin fertilization test by Environment Canada (2011) and USEPA
(2002), and it has been widely validated in numerous research
works, e.g. Beiras et al., 2003; Bellas et al., 2008; Bellas 2008; Lopes
et al., 2010; Losso et al., 2007; Neiheisel and Young, 1992; Radenac
et al., 2001. The use of artificial water guarantees that test water is
clean and ensures that physicochemical conditions for sea urchins
are optimal, so therewill be no confounding factorswhen evaluating
the influence of salinity on fertilization and larval development.
Samples of different salinity (15, 18.5, 22, 25.5, 29, 31.5, 33, 35.5
and 38.5&) were obtained by adding appropriate amounts of
bidistilled water to the stock solution. The range of salinity used
was determined on the basis of previous studies of the P. lividus ELD
bioassay (His et al., 1999; Saco-Álvarez et al., 2010), in which it was
concluded that a reference salinity of 33& should be used. Incu-
bation vials were filled with 20 mL or 10 mL of water of different
salinity, in quadruplicate, for the ELD and fertilization bioassays
respectively. Natural photoperiod, dissolved oxygen in excess
(>95%) and temperature (20 C) were the same for all samples and
the pH did not vary by more than one unit (8), within the range
that allows normal development (Saco-Álvarez et al., 2010).
Furthermore, the pH of the water was not significantly different
between the start and the end of the experiment. Vials were kept in
darkness at 4 C until the bioassay was conducted.
2.2. Fertilization test
Adult sea urchins of both species were collected in the intertidal
zone of a pristine area located at the outter part of Algeciras Bay, far
from sources of contamination. Echinoderms were transported to
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the laboratory, in cold and dry conditions in order to avoid prior
fecundation, and then were acclimated in aquaria with aerated
clean seawater at 15 C for 10 days.
Gametes were obtained from both species by injection of 1 mL
KCl (0.5 M) through the peri-oral membrane of three specimens of
each sex. Pools of eggs and sperm were prepared.
The fertilization procedure was adapted from that described by
Volpi Ghirardini et al. (2001). Gamete maturity (spherical eggs and
mobile sperm) and the density of both eggs and sperm was
determined by observation under a microscope (OLYMPUS CKX41)
at 40 and 4, respectively, by using an hemocytometer when
counting sperm. Subsequent gamete solutions were prepared
according to two parameters: the desired egg concentration in the
test solutions, which was 20 eggs/ml (200 eggs per vial) and the
desired sperm:egg ratio, which was 20,000:1.
A volume of 100 ml of an adjusted suspension of 4  106 sperm
was added to vials containing 10 ml of seawater solutions of
different salinities (3 replicates each). After 60 min of exposure,
approximately 200 eggs were transferred to the vials. Fertilization
was allowed to take place for 20 min and was then blocked by
adding one drop of 40% formaldehyde. Results were expressed as
percentage of fertilized eggs (with fertilization membrane) after
classifying one hundred eggs under a microscope.
2.3. Embryo development test
The same pools of gametes obtained during the fertilization test
was used for the larval development test.
The in vitro fertilization methodology described by Fernández
and Beiras (2001) was followed for both species. After most of
the eggs (approx. 95%) were fertilized, volumes of the suspensions
containing around 400 fertilized eggs were transferred into 20 ml
incubation vials containing test solutions of different salinities (4
replicates each). Larval development was blocked by adding one
drop of 40% formaldehyde at the moment that more than 90% of
larvae in the control ASW reached the pluteus stage, after 48 h and
72 h incubation respectively for P. lividus and A. lixula.
Results were measured in each vial as the percentage embryo-
logical success. One hundred larvae were counted under a micro-
scope, considering normal larvae as embryos with four arms fully
developed and the same morphology as the reference embryos (i.e.
with well-proportioned body parts) (Carballeira et al., 2010). The
reference sample was established by prior observation of the
samples of larger larvae with no abnormalities (Fig. 1). Abnormal
larvae were also counted separately as undeveloped eggs or mal-
formed larvae.
2.4. Statistical analysis
A one way ANOVA Tukey test (Zar, 1996) was applied to the data
obtained in both bioassays to determine salinity-related differences
in each species. A two-tailed Student t test for independent samples
was used to determine the statistical significance of differences in
resistance to salinity between species for each range of salinity
(grouped according to salinity-related differences identified by the
Tukey test) and toxicity test. The significance level was established
at 95% (p < 0.05).
The application of Spearman non-parametric correlations
enabled the influence of salinity (measured by determining the
percentage of undeveloped and unfertilized eggs, and malformed
larvae) and its significance to be determined for each toxicity test
(p< 0.01** and p< 0.05*). Statistical analyses were performedwith
SPSS software, version 17.0.
3. Results
The percentage of fertilized eggs and normal larvae determined
at the range of salinities tested are shown for both bioassays per-
formed with P. Lividus and A. lixula, in Fig. 2.
For both species and the range of salinity tested (15e40&),
fertilization occurred at above 18.5& and below 40.5&, and larval
development occurred at between 25.5 and 35.5&.
Fig. 1. Representation of normal larval shape of Paracentrotus lividus and Arbacia lixula,
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Fig. 2. Variation in the results of the embryonic development (Histogram) and fertilization bioassays (curves) with two species of sea urchin, P. lividus (white area and solid line) and
A. lixula (black area and dashed line), in relation to salinity. The responses are grouped as a, b and c according to the statistical significance according to the Tukey test (p < 0.05), in
capital letters for P. lividus and lowercase for A. lixula.
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In the fertilization test with P. lividus, the highest percentage of
fertilization (90%) occurred at salinities of 31 and 33&. Fertilization
was successful, although not optimal (values around 80%) at 29&
but it did not differ significantly from fertilization success at
31e33&. Fertilization of A. lixula eggs did not reach optimal levels
and the maximum fertilization rate was achieved at salinities of22
and 33&, with approximately 50% of fertilized eggs. Although
fertilization of A. lixula eggs did not reach the values required for
the development of the bioassay, this species was more tolerant to
lower salinities (<25.4&) than P. lividus.
The percentage of normal larval determined in A. lixula was
optimal (90%) when organisms were exposed to salinities ranging
from 29 to 35.5&. Nevertheless, the range of salinity for optimum
normal larva development (values 90%) was narrower in P. lividus
(29e33&).
When larval development occurred, significantly lower
(p < 0.05) differences were observed for both species at
salinities < 29&. On the other hand, significant differences
between species were observed for salinities >33&. Thus, signifi-
cantly lower values of larval development were observed at >33&,
for P. lividus and at >35.5& for A. lixula.
In both species there was a significant negative correlation
between the number of undeveloped eggs and deformed larvae,
while salinity only affected normally developed A. lixula eggs
(R¼ 0.292*) (Table 1). There was no significant correlation between
salinity and the number of fertilized eggs (R ¼ 0.125 and
R¼0.085) in either species (Table 1), and the fertilization test was
not therefore affected by salinity (Greenwood and Bennett, 1981).
According to the results of the Student t test (Table 2), both
species can be used indistinctly in the ELD bioassay at salinities
between 29 and 33&. In the fertilization bioassay, significant
differences were observed between species at almost all salinities
tested (including at 25.5 and 35.5&, at a significance level close to
P ¼ 0.05). Thus, results from the two species should not be
compared for this bioassay.
4. Discussion
The sea urchin is an excellent biological indicator because of its
remarkable sensitivity, its ease of availability and handling,
synchronization of its development and thewidespread knowledge
of its embryology (Pavillon, 1988).
Most in situ and elutriation bioassays with sea urchins are
developed under different physicochemical conditions in the
sample sites and the reference site, considered as a clean location.
Moreover, the quality of a toxicity test is defined by standards and
requirements that ensure the well-being of the organisms during
test development (Nascimento et al., 2002).
Factors associated with sediment storage (e.g. duration,
temperature, container material, need for systematic and stan-
dardized storage) are known to be confounding factors (Nendza,
2002). Temperature, dissolved oxygen and recommended natural
photoperiod (Fernández, 2002) were the same for all samples, and
pH remained within the normal range for development (Saco-
Álvarez et al., 2010). If the salinity of a sample is outside the
optimum salinity range (e.g. brackish water), the results of the
toxicity test will probably reflect unfavourable salinity rather than
any toxic substance in the sample. Salinity is also an important
variable that modifies the bioavailability of toxins (Sunda and
Guillard, 1976) and their intrinsic toxicity (Riba et al., 2004).
Increasedmetal toxicity in estuaries (exposed to periods of reduced
pH and salinity) has been demonstrated by a sea urchin toxicity test
(Fernández and Beiras, 2001).
4.1. Fertilization bioassay
Results from the fertilization test showed successful fertilization
of P. lividuswithin a narrow range of salinity (the same range as for
development of this species), whereas fertilization of A. lixula was
always below 60%, possibly because of the difficulty in dis-
tinguishing the fertilization membrane (Fig. 3) (Máximo et al.,
2008). The fertilization membrane in P. lividus is thicker and
more easily observed than the membrane in the black sea urchin,
which appears closely linked to the embryo, making it difficult to
distinguish, and therefore altering the results of the bioassay. This
appreciation agrees with the findings of Runnström et al. (1954),
who observed that the fertilization membrane of A. lixula eggs was
often closely adhered to the egg surface. The high adherence of the
membrane does not impede the normal larval development but it
difficults its identification.
Environment Canada (2011) described a method of developing
a fertilization bioassay, with 5 different species of sea urchin
(Strongylocentrotus droebachiensis, Strongylocentrotus purpuratus,
Dendraster excentricus, Arbacia punctulata and Lytechinus pictus), in
Table 1
Spearman correlation analysis. *, ** Significant at p < 0.05 and p < 0.01.
ELD (n ¼ 40) Malformed larvae Undeveloped eggs
P. lividus A. lixula P. lividus A. lixula
R2 p R2 p R2 p R2 p
Salinity 0.004 0.973 0.117 0.3042 0.221 0.062 0.292* 0.016
Undeveloped eggs 0.418** 0.000 0.263* 0.03
Fertilization (n ¼ 30) Unfertilized eggs
P. lividus A. lixula
R2 p R2 p
0.125 0.509 0.085 0.657
R2: Correlation values; p: Significance values; n: sampling size.
Table 2
Differences between species for different salinities tested.
Salinity (&)
Bioassay 15 18.5 22 25.5 29 31.5 33 35.5 38.5 40.5
ELD 1.000 0.007* 0.710 0.002* 1.000
Fertilization 0.643 0.019* 0.069 0.000* 0.063 0.025* 0.678
Gray squares indicate significant differences between species, and white squares indicate no significant differences. *Significant differences at p < 0.05.
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which it was recommended that the different species should
develop at different temperatures (15 and 20 C), salinity should be
within the range 28e32 g/kg and difference from the reference
salinity should not be higher than 1 g/kg. It was also recommended
to carry out a standard test at a salinity of 30 g/kg. However, these
requirements are not usually followed, e.g. when using elutriates or
probably because the optimal conditions may differ between
species and even between populations of the same species if they
have different geographical origins (His et al., 1999).
Greenwood and Bennett, (1981) described some adverse effects
of salinity on eggs of Parechinus angulosus (Leske), but found that
sperm was scarcely affected by fluctuating salinity. In the present
study, fertilization of A. lixula and P. lividus was not found to be
affected by salinity (Spearman correlation analysis). Therefore the
results will not reflect toxicity due to salinity, just toxicity due to
pollutants, since the sperm is the only gamete exposed to the
pollutants during the bioassay.
The physicochemical characteristics of an effluent will also have
an impact on the development of the surrounding ecosystem since
organisms require specific ecological niches, and therefore these
characteristics should be taken into account when developing
bioassays with regionally or locally occurring species.
Some pollutants do not affect formation of the fertilization
membrane but have detrimental effects on larval development and
may produce specific malformations (Carballeira et al., 2010). In
general, the fertilization test has been described as less sensitive
than the embryotoxicity test (Geffard et al., 2001; Heslinga, 1976;
Losso et al., 2007; Xu et al., 2011) e as much as six times less
sensitive for assessing metal toxicity (Xu et al., 2011). Increased
acidification, different temperatures and pCO2 did not reduce
fertilization, and was only affected by sperm density (Byrne et al.,
2010). The lowest pH at which significant effects on fertilization
and cleavage were recorded was 7.6, while larval development was
only affected at pH <7.4 (Moulin et al., 2011).
Because of the difficulties on distinguishing the fertilization
membrane leading to misleading results, at least regarding A. lixula,
and the lower sensitivity of the fertilization test in comparisonwith
the larval development test, the fertilization test is not recom-
mended, particularly if using A. lixula.
4.2. ELD bioassay
The recommended range of salinity for development of the
P. lividus bioassay was previously established at 33e35&
Mediterranean specimens (Volpi Ghirardini et al., 2001; Marín
et al., 2001), and at 28e34& for atlantic specimens (Fernández,
2002; Pétinay et al., 2009; Saco-Álvarez et al., 2010). Several
studies have addressed the effects of salinity on larval development
of P. lividus (His et al., 1999; Saco-Álvarez et al., 2010), although only
one study has considered how A. lixula is affected by salinity
(Máximo et al., 2008). The optimum range of salinity (i.e. for
development of more than 80% of four-armed larvae) reported for
Mediterranean P. lividus was between 32 and 34& at 21 C (His
et al., 1999). In terms of growth (more than 80% of the maximum
length of the larvae), the range of salinity for Atlantic specimens
was established at between 30 and 40&, a wider range than re-
ported in previous studies conducted in this area, because
abnormal larvae also develop and grow; the optimum salinity
ranged between 31 and 35& according to maximum length values
(Saco-Álvarez et al., 2010).
An optimum salinity range of 29e39& at 25 C has been re-
ported for A. lixula from the brazilian coast (Máximo et al., 2008).
The present results, showing that A. lixula is less stenohaline (it
tolerates salinities between 29 and 35.5&) than P. lividus (which
tolerates salinities between 29 and 33&) are consistent with the
previously reported ranges of salinity tolerance, regardless the
origin of the tested specimens of P. lividus.
Differences in the recommended salinity for P. lividus and
A. lixula may depend on the temperature, phenotypic characteris-
tics of organisms and different seawater solutions. According to the
results of the present study, there were no significant differences in
sensitivity to salinity or tolerance for either species when ELD
bioassay was carried out at between 29 and 33&. Furthermore,
there were no significant differences in the sensitivity to several
chemical products used in land-based aquaculture between the
two species (Carballeira et al., in press). Thus the results obtained
with both species should be interchangeable and comparable, with
preferential use of A. lixula because of its tolerance to a wider range
of salinity. The recommended salinity and the duration of tests will
depend on the regional temperatures where species live or exper-
iments are performed. Nonetheless, the embryo development test
is not suitable for assessing all types of salinity (e.g. brackish water).
4.3. Comparative applicability of the species considered
Differences between the sea urchin species considered, as
regards selection of the most suitable for international ecotoxicity
testing are listed in Table 3.
Fig. 3. Composite images of fertilized eggs of sea urchins: Arbacia lixula (left) and Paracentrotus lividus (right). The position of the fertilization membrane in each species is indicated
by an arrow.
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Differences in the grooves on the spines enable P. lividus to
collect suspended particles on the spines and thrive in sites
where food resources are scarce, whereas A. lixula meets its
energy requirements by grazing on encrusting coralline algae and
absorbing dissolved particles (Régis, 1979). Thus, P. lividus feeds
on particles from throughout the environment (macroalgae,
seagrass and small invertebrates) (Bulleri et al., 1999; Neill and
Pastor, 1973). Bioassays carried out with A. lixula are likely to
be more accurate, because the differences in feeding will better
reflect the effects of pollution sources (incorporation of toxins
through food), as observed in studies of accumulation in guts,
gonads, and larvae, carried out by Quiniou et al. (1999), Radenac
et al. (2001) and Russo et al. (2003). Food contaminated with Cd
activates mechanisms for depurating metals in the echinoid
coelom, so that more absorption of metals and other compounds
takes place via seawater than via food in sea urchins (Warnau
et al., 1995), and may even be greater than one order of magni-
tude higher in the case of PCB bioaccumulation (Danis et al.,
2005). Bioaccumulation of pollutants has only been studied in
P. lividus bioassays. Nonetheless, both species absorb pollutants
through seawater, and should therefore be suitable for assessing
sea water discharges.
The wider geographical distribution of A. lixula, which also
coincides geographically with P. lividus (Boudouresque et al., 2001;
Tommasi, 1966), makes this species more suitable for use in toxicity
tests and for comparing results from different locations.
One major problem with this bioassay is the lack of availability
of mature adults for obtaining sufficient numbers of gametes for
the test. Guettaf et al. (2000) has described different spawning
periods for P. lividus depending on the hydrodynamism in several
areas, thus verifying two spawning periods: AprileJune and
AugusteDecember. During the course of the present study, we
observed that almost all black sea urchins injected with KCl
spawned more gametes (both male and female) than the rock sea
urchin, and that it was not necessary to open the specimens to
collect the gametes. This reduced the waste of fresh biological
material, wastage could be further reduced if gametes could be
conserved for longer periods (Lera and Pellegrini, 2006). The
differences in quantity of gametes can be explained by the lack of
nutrients available for P. lividus, in which the relative size of the
feeding apparatus is increased at the expense of gonad size
(Fernandez and Boudouresque, 1997). Research carried out in Brazil
with A. lixula found mature spawning male and female sea urchins
throughout the entire year (continuous reproductive cycle)
(Tavares, 2004; Zama and Ventura, 2005). Spawning of P. lividus
mainly occurs once or twice a year depending on the location of
organisms; the Atlantic Ocean and Mediterranean Sea respectively
(Garmendia et al., 2010). Spawning of sea urchins also depends on
the hydrodynamism in areas where they live (Guettaf et al., 2000).
There is also some evidence of spawning throughout the whole
year along the Algerian coast (Guettaf et al., 2000).
Studies with both species have shown the same sensitivity
when exposed to samples with high levels of ammonium and
reference toxicants such as cadmium, ammonium chloride, zinc
sulfate and sodium dodecyl sulfate (Cesar et al., 2002). Other
studies have shown similar sensitivity to certain toxins when
different sea urchins species are compared (Xu et al., 2011).
The P. lividus development bioassay is shorter (48 h at 20 C)
than the A. lixula development bioassay (72 h at 20 C), and
abnormalities in the skeleton and shape appear to be more
pronounced and are therefore easier to group in terms of the effect
or pollutant (Carballeira et al., 2010). Normal larval shapes of each
sea urchin are shown in Fig. 1, the characteristic shape of P. lividus
makes it easier to identify different types of deformities.
The absence of significant differences between the sensitivity of
the species considered (Carballeira et al., in press) enables
comparison of results from both species at sites where one or
another is not present. CETESB (1999) adapted the methodologies
developed by different environmental agencies (Environment
Canada, 2011; USEPA, 2002), because the species described are
not present in Brazil. As A. lixula is present on both continents, its
use as an indicator can be standardized. Further development of the
use of locally occurring species should also be considered to
improve the ecological significance of the test results, once inter-
calibrated and standardized.
5. Conclusions
Whole water and elutriated samples for toxicity bioassays must
be of the same salinity, within the optimum range for each species,
as this is required for the normal development of sea urchin
embryos. A. lixulawas found to be more tolerant to a wider range of
salinity (29e35.5&) than P. lividus (29e33&).
Embryo development of A. lixula appears to be more suitable for
ecotoxicity testing in terms of the optimum salinity range,
geographical distribution, spawning and sensitivity, but further
research is required to confirm this. More studies should be carried
out with A. lixula fertilization test, in order to fine-tune the method.
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a b s t r a c t
Standard toxicity screening tests are useful tools in the management of impacted coastal ecosystems. To
our knowledge, this is the first time that the sea urchin embryo development test has been used to
evaluate the potential impact of effluents from land-based aquaculture farms in coastal areas. The
toxicity of effluents from 8 land-based turbot farms was determined by calculating the percentage of
abnormal larvae, according to two criteria: (a) standard, considering as normal pyramid-shaped larvae
with differentiated components, and (b) skeletal, a new criterion that considers detailed skeletal char-
acteristics. The skeletal criterion appeared to be more sensitive and enabled calculation of effective
concentrations EC5, EC10, EC20 and EC50, unlike the classical criterion. Inclusion of the skeleton criterion
in the sea urchin embryo development test may be useful for categorizing the relatively low toxicity of
discharges from land-based marine fish farms. Further studies are encouraged to establish any causative
relationships between pollutants and specific larval deformities.
 2012 Elsevier Ltd. All rights reserved.
1. Introduction
Most studies of the toxicity of effluents from land-based marine
fish farms (LBMFFs) have focused on the analysis of nutrients,
biological oxygen demand and suspended solids in water, although
some have also considered chemicals and pathogens (Tello et al.,
2010). The measurement of chemicals associated with land-based
aquaculture is also very difficult owing to high dilution of the
effluents. Inputs of chemicals to coastal ecosystems as a result of
LBMFF activities may include prescribed compounds (pesticides
and drugs), antifoulants, anaesthetics and disinfectants (Burridge
et al., 2010). Nevertheless, the use of chemicals in aquaculture is
not fully regulated and there are no official reports about which
products are currently in use. Any study of the possible classes of
contaminants present in the effluents would be extensive
and time-consuming. Nonetheless, the information provided by
chemical analysis is not sufficient to explain the potential effects
of aquaculture on ecological processes in aquatic systems
(Sarà, 2007). To assess the environmental impact of aquaculture
discharges, standardized toxicity tests should be applied as these
have been proven to be useful tools in the management of coastal
ecosystems affected by human activities (Peters et al., 2002). In
particular, standard screening bioassays offer several advantages
over chemical analyses. As regards the significance of the infor-
mation provided, bioassays reflect the bioavailability of contami-
nants (Hernando et al., 2007) as they integrate the effects of
emerging pollutants not previously taken into account, the effects
of chemical degradation products and the effects derived from the
interactions between different pollutants (additive, synergistic and
antagonistic effects) (Richardson et al., 2007; Wolska et al., 2007).
From a functional point of view, bioassays are usually rapid (the
biological response usually takes between a few hours and a few
days), simple (organisms are easy to maintain in the laboratory
prior to testing), the methodology is well defined (endpoints are
easily measurable) and cost-effective (low requirements of skilled
staff, space, material and the possibility of evaluating several
samples at once).
The sea urchin embryo development test is a standard chronic
toxicity bioassay advocated to be a cost-effective and useful
method for use in screening the toxicity of specific pollutants,
mixtures of these and natural matrices, and has regularly been used
to evaluate the toxicity of water and sediments (Beiras et al., 2003;
Cesar et al., 2009). This test consists of the study of teratogenic
effects in early embryo to larval stages. Such effects appear to take
place when stressor agents in the environment overcome the
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protective mechanisms of sea urchin embryos and larvae. The
standardized or classical criterion for evaluating toxicity by means
of this test involves distinguishing between normal larvae, i.e.,
pyramid-shaped larvae with skeletal rods that are half the length of
the long axis of the larvae, a differentiated gut and incipient post-
oral arms, and deformed larvae, i.e., larvae that display blocked or
delayed embryonic development, undifferentiated or abnormal gut
and absent or abnormal skeleton (USEPA, 1994; Warnau et al.,
1996). However, observation of only skeletal anomalies may be
more rapid, sensitive and ecologically relevant than use of the
classical criterion (without considering skeletal abnormalities),
which, moreover may be affected by the determining role of food
availability in the larval form, rate of growth of body parts and
timing of development (Strathmann et al., 1992).
The sensitivity of skeletogenesis to specific contaminants has
been widely demonstrated. Skeletal alterations (size reduction and
malformations) have been observed after exposure to metals
(Moureaux et al., 2011; Radenac et al., 2001; Warnau et al., 1996),
linear alkylbenzene sulphonate (Bressan et al., 1991), pharmaceu-
ticals (Graillet and Girard, 1994), biocides such as pesticides and
antifoulants (Marín et al., 2007; Moschino and Marin, 2002;
Pesando et al., 2003), and also UV radiation (Bonaventura et al.,
2005). The sensitiveness and usefulness of sea urchin develop-
mental malformations have been proven in monitoring different
types of effluents and coastal waters (Guillou et al., 2000;
Kobayashi and Okamura, 2004; Marín et al., 2007; Quiniou et al.,
1999; Soualili et al., 2008; Trieff et al., 1995). Nonetheless, these
morphological abnormalities have rarely been categorized as
putative effects due to specific pollutants or their mixtures.
The ecological relevance of skeletal anomalies for evaluating
environmental risk relies on several factors. Formation of the larval
skeleton is a central event in sea urchinmorphogenesis (Decker and
Lennarz, 1988). The skeleton supports the larval body and deter-
mines its shape (Ettensohn and Malinda, 1993), which has been
suggested to play a role in orientation and swimming (Pennington
and Strathmann, 1990). Early skeletal alterations may decrease the
ability of larvae to swim and respond to turbulence. Such alter-
ations may also make feeding, predator avoidance and settlement
more difficult than in normal larvae (O’Donnell et al., 2010). Thus,
skeleton formation is essential for larval survival and consequently,
the continuity of the sea urchin population. Sea urchin populations
play a key role in shallow rocky shore communities. Variations in
sea urchin density may severely alter the community structure of
coastal ecosystems. Echinoids are a source of food for many species
(Pearse, 2006), and have been found to determine algal assem-
blages on rocky shores (Hernández et al., 2008; McClanahan et al.,
1996; Palacín et al., 1998) and to influence several invertebrate and
fish populations (McClanahan et al., 1996) because of their grazing
activity (Ebert, 1977) and because of inter-species competition
(Pearse, 2006).
In the present study, the sea urchin embryo development
bioassay was performed to evaluate the toxicity of effluents from
eight turbot (Psetta maxima L.) LBMFFs located in Galicia
(NW Spain). The sea urchin Paracentrotus lividus Lamarck (1816),
which has already been validated for use in toxicity assessment
(Beiras et al., 2003; Kobayashi and Okamura, 2004), was used
in the study. In our experience, the shape of the larvae of P. lividus
is one of the simplest and most stylized among the sea
urchins that occur in Spain, which facilitates the identification of
abnormalities.
The specific objective of this study was to determine the most
useful and sensitive toxicity criteria to be applied in the sea urchin
embryo development test. Two criteria were compared, the classic
or standardized criterion (without considering skeletal defor-
mities) and the improved or skeletal criterion (considering only
skeletal defects). This objective was achieved by discerning which
criterion best differentiated the effluents from each other and from
the control treatment, as well as by determining the level of
significance of the correlations between percentages of abnormal
larvae and effluent concentrations. Selection of an appropriate
criterion is especially important when assessing effluents of rela-
tively low toxicity (as in the case of LBMFF effluents), because only
highly sensitive criteria will enable discrimination of the different
toxicities of effluents. The general objective was to test the suit-
ability of the sea urchin embryo development bioassay, according
to its sensitivity and cost-effectiveness, for inclusion in a moni-
toring plan, together with other bioassays (Carballeira et al., 2011a,
2011b), as a routine tool for the environmental surveillance of
effluents from LBMFFs.
Although the sea urchin embryo development test has occa-
sionally been used to evaluate the impact of cage-based fish farms
(Marín et al., 2007), it has not been used to monitor the impact of
LBMFFs.
2. Materials and methods
2.1. Effluent sampling
Effluent samples were collected from eight land-based turbot
farms in Galicia (NW Spain) (Fig. 1). All farms have an open water
circulation system, except for fish farm VIII, which recycles water.
Sampling was performed during the annual period of maximum
productivity (SeptembereOctober) to reflect the maximum
potential impact of land-based aquaculture activities. Effluent
samples were collected from the LBMFFs by use of a peristaltic
pump (Gilson M312) located at the output channel. The pump was
programmed to collect a sample of about 6 L of effluent before it
was diluted in the receivingwater, during the hours when fish were
metabolically most active (8 a.m.e8 p.m.). The water samples were
Fig. 1. Location of the land-based turbot farms from which the effluents under study
were sampled.
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then stored in 2 L pyrex bottles in darkness at 4 C until the
beginning of the test, within 48 h.
2.2. Effluent characterization
Physicochemical characterization of the LBMFF effluents
involved analysis of salinity, pH, dissolved oxygen (DO), suspended
solids (SS), total organic carbon (TOC), phosphates, nitrites, nitrates
and ammonia. Salinity, pH and DO were determined by use of
a multiparameter water quality meter (Hanna HI 9828). Analysis of
SS, TOC, phosphates, nitrite and nitrate nitrogen and ammonia
nitrogen and the quality controls were carried out according to EPA
methods 1684, 415.1, 365.3, 353.2 and 350.1, respectively.
2.3. Sea urchin embryo development test
2.3.1. In vitro fertilization
Adult sea urchins of the species P. lividuswere collected by scuba
diving in a clean intertidal zone. In the laboratory, animals were
transferred to pools continuously supplied with clean aerated sea
water, for acclimation at 15 C for 10 days. Gametes were obtained
by injecting 1 mL of KCl (0.5 M) through the peri-oral membrane of
three male and three female sea urchins. The fertilization proce-
dure was as described by Fernández and Beiras (2001). Eggs from
the three females were pooled and maintained in suspension with
artificial seawater (Lorenzo et al., 2002), and sperm from the three
males were pooled and maintained in a Petri dish in dry, cold
conditions until fertilization. Prior to fertilization, gametes were
examined under the microscope to check their maturity, i.e., that
eggs were spherical and that sperm were highly mobile. The eggs
were then transferred to a measuring cylinder containing artificial
seawater and a few microlitres of dry pooled sperm were added.
Themixture was carefully stirred to allow fertilization to take place.
The density of fertilized eggs from control samples (artificial
seawater) were counted under a microscope; fertilization success
was approximately 95%.
2.3.2. Dilution preparation
Six different dilutions (volume of effluent: volume of artificial
sea water) of each of the effluents from the fish farms were
prepared in artificial sea water (Lorenzo et al., 2002): 0:1 (control),
1:20 (5%), 1:4 (25%), 1:2 (50%), 3:4 (75%) and 1:0 (100%). Solutions
of ammonium chloride (NH4Cl) and zinc sulphate (ZnSO4) were
also used as reference substances in the test, in accordance with
published guidelines (Environment Canada,1997; CETESB,1999), to
validate the accuracy of the tests. The solutions of these substances
were prepared with the same artificial seawater. Nominal concen-
trations were 0.25, 0.5, 1, 2, 4, 8, 15 mg L1 for ammonium chloride,
and 0.01, 0.02, 0.05, 0.1, 0.5 mg L1 for zinc sulphate.
2.3.3. Toxicity test
Vials (20 mL) were filled with the effluent dilutions and the
reference substance solutions in quadruplicate. Approximately
400 fertilized eggs were placed in each vial. The vials were incu-
bated for 48 h at 20 C under natural photoperiod (Fernández and
Beiras, 2001). Water quality parameters including temperature
(20 0.8 C), salinity (341&), DO (>80%) and pH (7.6 0.3) were
measured at the beginning and at the end of the bioassay, to ensure
the acceptability of the tests (Saco-Álvarez et al., 2010; Salamanca
et al., 2009; Durán and Beiras, 2010).
After the incubation period, the larvae were fixed by adding one
drop of 40% neutralized formalin, and were then observed in an
inverted microscope (OLYMPUS CKX41). One hundred larvae were
counted and developmental abnormalities recorded. Images were
taken with a digital camera (OLYMPUS CAMEDIA C-5060).
2.4. Toxicity criteria
Developmental abnormalities were determined by applying two
toxicity criteria:
i) Classical or standardized criterion: Larvae at pluteus stage,
pyramid-shaped, with four fully developed arms (indepen-
dently of the skeletal characteristics) and differentiated
gut, were considered normal. Abnormal larvae were counted
separately as undeveloped embryos (UD) or malformed
larvae (MF). Undeveloped embryos included all the embryos
that had not reach the pluteus stage after 48 h (fertilized eggs,
blastula, gastrula and exogastrula), while malformed larvae
included developed larvae with abnormalities.
ii) Skeletal criterion: Cone-shaped larvae at pluteus stage with
four fully developed arms, with complete skeletal rods and
with a skeleton of similar size to control larvae, were
considered as normal larvae. Abnormal larvae were also
counted separately within the aforementioned categories,
undeveloped embryos and malformed larvae. Furthermore,
in regard to specific abnormalities, this criterion distin-
guished different types of malformations: (a) crossed tip,
(b) separated tip (c) fused arms, (d) incomplete or absent
skeletal rods, (e) absence of skeletal rods and folded tip,
(f) fractured ectoderm, (g) undeveloped embryos, i.e., fertil-
ized eggs and blastula, gastrula, exogastrula and prepluteus
stages (Fig. 2). Abnormalities were classified according
to the severity of the alteration (Fig. 3). No toxicity (level
0 toxicity) was characterized by larvae without malforma-
tions. Slight toxicity (level 1 toxicity) was indicated by
incorrect arrangement of skeletal rods of larvae. Toxicity was
considered to be level 2 or moderate in larvae with no
skeleton or inwhich skeletal rods were absent, incomplete or
the shape was anomalous. Level 3 toxicity or high toxicity
was characterized by blockage of development at early
stages. Level 3 toxicity represents the most severe type of
damage (Guillou et al., 2000; Warnau et al., 1996) since
blastula and gastrula stages are retained by the absence of
skeletal elements (Pennington and Strathmann, 1990).
Toxicity was quantified by counting the frequency of malfor-
mations detected. The toxicity was evaluated quantitatively by
ranking the severity of deformations in larvae, as follows: 0 (none),
1 (slight), 2 (moderate) and 3 (high) (Carballeira et al., 2011c). A
general index of toxicity (IT) was then calculated for each effluent,
with the aim of summarizing the observed toxicity. The IT weights
the degree of deformations by the frequency (%) observed in 4
replicates from each effluent, as follows: IT¼ [0 % Level 0þ 1  %
Level 1 þ 2  % Level 2 þ 3  % Level 3]/100. The IT for each
discharge ranged from 0 (no toxicity) to 3 (high toxicity).
2.5. Statistical analysis
The percentages of abnormal larvae (identified in each dilution
of effluent and each reference substance solution by applying the
classical and skeletal abnormality criteria) were analysed by the
most suitable parametric model. Model suitability was evaluated
according to four parameters: the maximum log likelihood value,
Akaike’s information criterion (AIC), the estimated residual vari-
ance and the p-value from a lack-of-fit test.
The effective concentrations (EC) EC5, EC10, EC20 and EC50 were
calculated for the different effluents and the reference substances.
The effective concentrations were defined as the concentrations
of effluents or substances at which 5% (EC5), 10% (EC10), 20% (EC20)
and 50% (EC50) of abnormal larvae are observed. These parameters
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were calculated by means of best fit doseeresponse curves
obtained by non-linear regression analysis, by use of R software
(R Development Core Team, 2008) and the doseeresponse curves
(drc) add-on package (Ritz and Streibig, 2005).
Significant differences between the percentage of abnormal
larvae in artificial seawater (control), in the dilutions of fish farm
effluents and in the reference substance solutions were determined
by one-way ANOVA followed by a Dunnett’s test for multiple
comparison. Three levels of significance were established: p< 0.05,
p < 0.01 and p < 0.001. The effect of dilution on toxicity, according
to both abnormality criteria (undeveloped embryos andmalformed
larvae, regardless of the type of malformation), was determined by
a parametric Pearson correlation test. Significance was established
at 95% (p < 0.05). Both ANOVA and Pearson correlation tests were
performed with SPSS software (version 17.0).
3. Results
3.1. Effluent characterization
The physico-chemical characterization of the effluents dis-
charged by the eight LBMFFs under study is shown in Table 1. Since
single samples (24 h) do not represent the interannual variability
on farms, most comparisons were of mean values of parameters
obtained during a 6 year sampling period (data provided by the
regional government of Galicia, Table 2).
As regards potentially confounding factors (salinity, pH, DO and
phosphates) all effluents were generally within the optimal range
for P. lividus embryo development (Böttger and McClintock, 2001;
Saco-Álvarez et al., 2010). To our knowledge, the effects of nitrites
and nitrates on embryo development have not previously been
studied. However, the concentrations of these chemicals in the
effluents were lower than the concentrations known to cause
a decrease in adult sea urchin growth (Basuyaux and Mathieu,
1999) and in gonad development (Siikavuopio et al., 2004).
The discharge from fish farm VIII was the most concentrated,
because of the intrinsic characteristics of this farm, and the
parameters were therefore slightly different from the others.
Nonetheless, with the exception of ammonia, the values of those
parameters considered as confounding factors (salinity, pH,
oxygen) were within the ranges that allow correct sea urchin larval
development (Saco-Álvarez et al., 2010; Carballeira et al., 2011b).
Slightly higher concentrations of phosphates and nitrates were
found in effluents from farms II and VI respectively.
Fig. 2. Types of embryonic stages and developmental abnormalities of sea urchin Paracentrotus lividus observed in this study after 48 h incubation under controlled conditions of
temperature, salinity, DO and pH. a: Normal larva at pluteus stage; b: Crossed tip; c: Separated tip; d: Fused arms; e: Incomplete or absent skeletal rods; f: Absence of skeletal rods
and folded tip; g: Fractured ectoderm; h: Prepluteus; i, j: Undeveloped embryo.
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The ammonia content in all effluents was higher than that
established as the LOEC ¼ 0.08 mg L1 (lowest observed effect
concentration) (Saco-Álvarez et al., 2010).
3.2. Sea urchin bioassay
Controls contained at least 90% of normal larvae with both
standard and skeletal criteria, indicating the validity of the test.
The best fit doseeresponse curves, which enabled calculation of
the EC5, EC10, EC20 and EC50 for the reference substances, zinc
sulphate and ammonium chloride, according to the classical and
skeletal toxicity criteria, are shown in Fig. 4. The concentrated
samples of reference substances blocked embryo development at
early stages (undeveloped embryos, i.e., fertilized eggs and blastula,
gastrula, exogastrula and prepluteus stages), and at the other
concentrations, larvae did not display skeletal alterations, so the
same ECs were obtained for each reference substance, regardless
of the toxicity criterion used (Table 3). The EC values for both
substances were consistent with those reported by other authors
and by environmental agencies (Environment Canada, 1997;
CETESB, 1999; Cesar et al., 2002). All percentages of abnormal
larva corresponding to exposure to solutions were significantly
different from control values.
The best fit doseeresponse curves, which enabled determina-
tion of the ECs for each farm effluent, according to the classical and
skeletal toxicity criteria, are shown in Fig. 5. This figure also
includes the significance of the larval abnormalities, relative to the
control, using both toxicity criteria.
The results obtained with the classical toxicity criterion did not
enable calculation of most EC values (Table 4) because, except for
effluent I, the percentages of abnormal larvae did not exceed 50%,
regardless of the effluent concentration. Reliable comparison of
EC among effluents could not therefore be carried out. The highest
dilution of effluents from fish farms I, II, IV and VIII yielded
significantly higher percentages of malformed larva, than the
control (p < 0.05). Significantly higher percentages of abnormal
larva were obtained with 50% dilution of effluent III, 75% dilution of
effluents V and VII, and undiluted effluent VI, than with the control
(p < 0.05). The highest percentages of abnormal larva (p < 0.05)
were obtained with the highest dilutions of effluent from Farm II.
Table 1
Physico-chemical characteristics of effluents from the LBMFFs I to VIII.
Fish farms I II III IV V VI VII VIII
Production (t yr1) 2250 292 308 1194 348 44 285 189
Salinity (g L1) 32.4 34.7 34.8 34.7 34.2 34.5 34.3 30.3
pH 7.48 7.92 7.94 7.63 7.84 7.64 7.59 7.71
DO (mg L1) 8.3 8.42 8.51 7.83 8.92 8 8.23 7.93
DO (%) 79.6 80.1 82.2 79.1 87.3 79.5 80.3 78.4
SS (mg L1) 23 17 18 21 16 18 14 39
TOC (mg L1) 5.64 5.35 7.05 8.04 6.09 2.36 4.73 7.56
Phosphates (mg L1) 0.22 0.423 0.251 0.292 0.241 0.211 0.231 0.473
Nitrites (mg L1) 0.086 0.072 0.069 0.081 0.078 0.075 0.066 0.044
Nitrates (mg L1) 0.191 0.200 0.192 0.205 0.141 0.536 0.206 0.287
Ammonia (mg L1) 0.852 0.450 0.632 0.781 0.563 0.572 1.04 0.361
Table 2
Averaged physico-chemical characteristics (period 2002e08) of the water entering
the fish farm or input (I) and the effluent or output (O) from eighteen LBMFFs
installed on Galician coast. Standard deviation (SD) and sampling size (n) are also
indicated.
Average SD n
Salinity (g L1) I 34.3 0.4 179
O 34.5 0.4 179
pH I 7.98 0.48 179
O 7.7 0.61 179
O2 (mg L1) I 8.5 0.4 162
O 8.3 0.2 162
O2 (%) I 85.9 7.1 162
O 84.2 4.6 162
SS (mg L1) I 13 16 179
O 18 12 179
TOC (mg L1) I 6.06 3.02 103
O 7.63 1.94 103
Phosphates (mg L1) I 0.18 0.05 143
O 0.24 0.04 143
Nitrites (mg L1) I 0.041 0.011 179
O 0.075 0.016 179
Nitrates (mg L1) I 0.170 0.041 24
O 0.198 0.022 24
Ammonia (mg L1) I 0.31 0.12 19











































































Fig. 3. Classification of larval malformations according to degree of alteration, in order
to establish the severity of toxicity.
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The percentages of malformed larvae determined by applying
the skeletal criterion clearly increased with the effluent dilution
(Fig. 5). Almost all the EC values were obtained for all the effluents
(Table 4). The effluent ranking according to EC5, EC10 and EC20 was
I > VIII > V > II > VII > IV/III > VI. The ranking based on EC50 was
slightly different, I > VIII > V > VII > III > II > IV > VI. The highest
dilutions of effluents I and VIII yielded significantly higher
percentages of abnormal larva than the control (p < 0.05). The 25%
dilution of effluents II and V produced significantly higher
percentages of malformed larvae than the control (p < 0.05).
Significantly higher percentages of abnormalities were obtained
with 50% dilution of effluents III, IV and VII, and 75% dilution of
effluent VI than with the control (p < 0.05).
Correlations between effluent dilutions and specific malfor-
mations were determined: malformed larvae at the pluteus stage
(according to classical and skeletal criteria), and undeveloped
embryos (Table 5). The percentage of malformed larvae at the
pluteus stage, determined by the skeletal criterion, reflected
a greater influence of the effluent dilution than that determined
by the classical criterion, again showing the lower sensitivity of
the latter criterion. Skeletal malformations were significantly
correlated (p < 0.01) with dilutions of effluents II, III, IV, V, VII and
VIII, but not with effluents I and VI. All dilutions of effluent VI
(except 75% dilution) were associated with a low percentage of
abnormal larvae, while effluent I blocked early embryo develop-
ment and the pluteus stage was not reached. Conversely, effluent
dilution did not have any clear effect on the number of undevel-
oped embryos; fewer correlations with the dilutions were
observed and the significance was lower, except for effluents I
and IV.
The undiluted effluents caused specific skeletal malformations
that varied from farm to farm. Characteristic skeletal malforma-
tions observed for each effluent are represented in the respective
doseeresponse curves in Fig. 5. There were no developed larvae in
the undiluted effluent from farm I, as embryo development
appeared to be blocked at the gastrula stage (100%). Exposure to
undiluted effluent from farm II led to more than 80% of larvae with
the folded tip malformation. More than 90% of the abnormal larvae
exposed to undiluted effluent from farms III and IV showed a frac-
tured ectoderm. Cone-shaped larvaewithout skeletal rods were the
most frequent type of abnormal larvae (>90%) produced by the
undiluted effluent from farm V. The characteristic malformations
(>80%) yielded by undiluted effluent from farms VII and VIII were
crossed tip and separated tip, respectively. No specific skeletal
malformation was associated with undiluted effluent from farm VI,
although many of the larvae had fused arms (13%).
Further classification of the effluent toxicity was made accord-
ing to the severity of the observed embryonic and larval alterations
(IT) (Table 6).
4. Discussion
Effluents from LBMFFs are complex mixtures of pollutants. They
may contain pesticides (fungicides, algicides,.), disinfectants,
antifoulants, antiparasitics, antibiotics, hormones, ammonia from
fish urine, dissolved and suspended organic matter (fish feed and
faeces) and biological contaminants (virus, bacteria and parasites).
The chemical load of the selected LBMFFs has been demonstrated
by Rey-Asensio et al. (2010). These authors showed that marine
organisms in the surroundings of the LBMFFs bioaccumulated
different classes of contaminants: the concentrations of metals
Al, Cu, Hg and Ni were found to be significantly different in native
Anemonia sulcata and transplanted Saccharina saccharina within
a gradient of sampling sites affected by the LBMFF discharges,
while oxolinic acid, amoxicillin, oxytetracycline and some pesti-
cides (prometryn, prometon and chlorothalonil) were only bio-
concentrated in S. saccharina.
However, analysis of the effluent composition is complex and of
dubious effectiveness and efficiency: i) There are no official records
in which LBMFF managers report the specific chemicals that
they use (Burridge et al., 2010). An extensive screening analysis
embracing a wide variety of contaminants would be required to
determine the effluent composition. This would be very costly and
not all chemicals could bemeasured; ii) Chemical products are used
only occasionally, and so are not always present in thewastewaters
(Tello et al., 2010); and iii) Chemical concentrations in LBMFF
effluents are usually low, and may even be below the detection
limit (Rey-Asensio et al., 2010). Hence, chemical analysis may
underestimate the toxic potential of effluents since some toxic
substances may be present but not detected, others maybe toxic













































Fig. 4. Doseeresponse curves for reference substances NH4Cl and ZnSO4. Significant differences from controls are shown: a) p < 0.001***; b) p < 0.01**; c) p < 0.05*.
Table 3
Effective concentrations (ECs) for reference substances. NH4Cl and ZnSO4 according
to both toxicity criteria, classical and skeletal. Values are expressed as mg L1
together with the model error.
EC5 EC10 EC20 EC50
NH4Cl 0.095  0.063 0.470  0.196 1.332  0.351 4.270  0.405
ZnSO4 0.002  0.0012 0.009  0.003 0.021  0.0045 0.055  0.044
C. Carballeira et al. / Marine Environmental Research 77 (2012) 12e22 17
occur. For these reasons, alternatives to chemical analysis for the
assessment of LBMFF effluents are required.
In the present study, the potential impact of land-based aqua-
culture on the marine environment was assessed by evaluating the
toxicity of the effluents from eight turbot land-based farms. The sea
urchin embryo development bioassaywas used for this purpose, for
the first time. Two toxicity criteria were applied and compared in
an attempt to contribute to the standardization of a toxicity crite-
rion, sensitive to the particular mixtures of pollutants character-
izing LBMFF effluents. Such standardizationwould enable detection
of effluents of relatively low toxicity, thus avoiding the high vari-












































































































Fig. 5. Doseeresponse curves calculated for effluents I to VIII after applying classical (solid line) and skeletal (dashed line) criteria. The most frequent deformity observed in each
effluent is represented in the corresponding graph: I: undeveloped embryos; II: larvae with absence of skeletal rods and folded tip; III: and IV: fractured ectoderm; V: incomplete or
absent skeletal rods; VI: no abnormality prevailed; VII: crossed tip; VIII: separated tip. Significant differences when comparing with the control are shown: a) p < 0.001***;
b) p < 0.01**; c) p < 0.05*.
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embryo development test, resulting from the different toxicity
criteria used when counting deformities. Toxicity was character-
ized by use of two parameters: ECs and alterations in larval
development.
EC values have beenwidely used to evaluate toxicity of different
samples and types of chemicals and enable comparison between
studies, although the present experimental data showed that the
ECx depended on the regression models and their accuracy
decreased in the low effect zone (Sbrilli et al., 2005). Moreover,
calculation of these endpoints requires preparation of serial dilu-
tions and doseeresponse curves.
Identification of sea urchin malformations was carried out by
applying the classical and the skeletal criteria. Both toxicity criteria
identified the discharges from fish farms I and VI as the most
and least toxic respectively. However, the results showed that
the skeletal criterion was much more sensitive than the classical
criterion for assessing the toxicity of fish farm effluents. The skel-
etal criterion indicated subtle alterations in the larval structure that
enabled abnormalities to be correlated with effluent dilutions, and
calculation of the effective concentrations.
There was great similarity between the classifications of toxicity
according to skeletal abnormalities and EC values, which indicates
that toxicity levels determined in this study were sufficiently
sensitive and of practical use. Furthermore, by using the skeletal
criterion, the toxicity of fish farm effluents could be determined
more quickly than by calculation of ECs, because calculations and
serial dilutions are not required. Moreover, the abnormalities
themselves were found to indicate toxicity levels, depending on the
severity of the alteration. This allowed classification of the effluent
according to the potential toxicity, which could not be reliably
achieved with the classical criterion.
The effects of pollutants and other stressors may be reflected in
the sea urchin skeleton apparatus, either by the absence or the
incorrect location of the skeletal rods, or by inactivation of the
gene regulatory system underlying the development of the
embryonic skeleton (Sharma and Ettensohn, 2010). Although many
hypotheses have been presented (Garman et al., 1997; Graillet and
Girard, 1994; Pesando et al., 2003; Pillai et al., 2003; Roepke et al.,
2005), the current knowledge of sea urchin teratogenic mecha-
nisms in response to specific chemicals is still very limited. Sea
urchin skeletal rods are mineralized through amorphous calcium
carbonate, finally forming a single crystal of calcite (Beniash et al.,
1997). Some chemicals may react with carbonate and dissolve
skeletal structures or affect mechanisms that control membrane
permeability to calcium (Graillet and Girard, 1994).
Anomalies in sea urchin development have been observed to be
overcome when exposure to the stressor agent ceases, in cases
of UV radiation exposure (Amemiya et al., 1986). In contrast, some
authors assume that this type of damage is irreversible (Nahon
et al., 2009). We could not find any evidence of reversible effects
in relation to chemical exposure, or whether injuries would
disappear during metamorphosis. However, it appears clear that
impairment of embryo-larval developmental reduces the ability of
larvae to survive and will eventually affect the success of individual
(O’Donnell et al., 2010; Pennington and Strathmann,1990; Steevens
et al., 1999) and population continuity.
Specific alterations of the skeleton may allow evaluation of the
overall toxicity of effluents, but also the detection of specific
contaminants or mixtures of these. However, there is little infor-
mation available to help elucidate the possible composition of the
effluents according to the observed malformations. Studies that
characterize the teratogenic effects caused by specific contami-
nants are scarce. Furthermore, it is not known exactly what
chemicals are used in aquaculture or the quantities applied
(Burridge et al., 2010), and therefore researchers can only guess
which products may be present in farm effluents. In further studies,
deformities should be categorized according to the type of
pollutant, in order to develop a rapid, cost-effective and repre-
sentative screening test of the toxic characteristics of each farm.
Most physico-chemical parameters of all the effluents, with the
exception of ammonia, were within the ranges considered not to
alter the results of the test (Carballeira et al., 2011b; Saco-Álvarez
et al., 2010), although the pH of effluent I (7.48) was close to the
limit that may affect skeletogenesis (7.4) (Moulin et al., 2011).
Although inorganic sodium phosphate and organic triethyl phos-
phate are known to cause abnormal development of sea urchins,
individual specimens of the species Lytechinus variegatus survived
at concentrations of 6 and 1000 mg L1, respectively (Böttger et al.,
2006). The phosphate concentration in the effluents did not exceed
0.5 mg L1, so that this chemical was not likely to damage the
Table 4
Effective concentrations (ECs) obtained with the effluents from fish farms I to VIII
according to classical and skeletal criteria. Values are expressed as effluent dilution
percentage.
Classical Skeletal
EC5 EC10 EC20 EC50 EC5 EC10 EC20 EC50
I e e 50.9 55.9 <5 <5 <5 <5
II e e e e 14.1 19.4 27.2 46.4
III e e e e 30.6 31.7 32.9 35.3
IV e e 85.2 e 27.1 30.6 36.1 51.3
V e e e e 6.18 6.76 7.64 10.2
VI 55.2 e e e 55.6 60.2 68.7 e
VII e e 63.6 e 22 24.6 27.8 34.2
VIII e e e e 0.921 1.01 1.16 1.61
Table 5
Pearson correlation relating percentage of malformed larvae (MF) and percentage of
undeveloped embryos (UD) with the effluent dilutions applying the two toxicity
criteria, classical and skeletal. Significant differences at *p < 0.05; **p < 0.01.
Classical criterion Skeletal criterion
I MF ** e
UD * **














Grey spaces indicate inverse correlation with dilution.
e not determined.
Table 6
Toxicity of effluents from 8 turbot farms (I to VIII) according to the toxicity index
calculated according the alteration level of larval structure.
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embryos in this bioassay. In severe experimental hypoxia, a large
variety of skeletal malformations have been observed and often
associated with functional anomalies (Burridge et al., 2010).
However, dissolved oxygen was always higher than 78% in the fish
farm effluents in the present study.
A high ammonia content was found in all the effluents because
the values exceeded LOEC (0.08 mg L1) and EC10 values
(0.91 mg L1) for this substance and species (Saco-Álvarez et al.,
2010; Carballeira et al., unpublished results). Sea urchin embryos
exposed to ammonia have been found to display crossed larval tip
as a specific malformation (Carballeira et al., unpublished results).
Ammoniamay therefore be a major constituent of the effluent from
farm VII.
Physico-chemical characteristics of effluents are not the only
causes of deformities. Experiments with sea urchin embryos
exposed to X-ray and UV demonstrated that radiation may affect
skeletogenesis, e.g., abnormalities in skeletal rod elongation and
patterning (Bonaventura et al., 2005; Moulin et al., 2011). However,
any influence of radiation was ruled out in the present study
because all incubation vials, including those containing the control
samples, were exposed to a natural photoperiod under the same
conditions. If any harmful radiation had been present, the control
larvae would also have been malformed.
Ozone has been reported to cause skeletal malformations in
organisms (Stalter et al., 2010). Farm VIII has a water recycling
system andwater flows through a closed circuit. Water is treated by
ozonification before being recycled. The higher concentration of
contaminants due towater recycling together with the use of ozone
may explain the effluent characteristics and the high toxicity.
Graillet and Girard (1994) and Pesando et al. (2003) reported
similar skeletal abnormalities in P. lividus to those observed in the
present study after exposure of embryos to the herbicide 2,4,5-
trichlorophenoxyacetic acid and to several neurotoxic insecti-
cides. Diazinon was particularly closely associated with ectoderm
fracturation and incomplete skeletal rods. In aquaculture, pesti-
cides are used to prevent, destroy or repel any pest that may reduce
fish production by spreading disease or competing for resources.
The neurotransmitter and calmodulin antagonist chlorproma-
zine, which is used as a sedative, was found to cause absence of
skeletal rods and the formation of spicules in abnormal positions in
larvae of Lytechinus pictus (Anitole et al., 1988). Although there is no
evidence that this particular product is used in aquaculture, fish are
often sedated during transport to decrease oxygen consumption
and CO2 and NH3 production.
In addition to the studies cited, many others have investigated
the effects of contamination on embryonic development in
different species of sea urchin, but did not relate specific types of
damage to specific contaminants. Antibiotics that are commonly
used in aquaculture, such as tetracyclines and sulfonamides,
have vbeen cited as a cause of human skeletal malformations
(Tuchmann-Duplessis, 1984). However, only high concentrations of
antibiotics appeared to have significant effects on skeleton
formation in the sea urchin (Carballeira et al., unpublished results),
and were not associated with specific skeletal damage. The most
important metals in turbot aquaculture are Cd, Zn and Cu, as these
are trace constituents of the fish diet, disinfectants, and anti-
foulants (Dean et al., 2007). Skeletal malformations of sea urchin
larvae are known to be caused by zinc (Timourian, 1968) and
cadmium chloride (Kobayashi and Okamura, 2004; Roccheri et al.,
2004), and ternary and quaternary mixtures of these metals have
additive effects (Xu et al., 2011), although specific malformations
have not been reported. The gametes and embryos of the sea
urchin species P. lividus and Psammechinus microtuberculatus
have been used to study the teratogenic effects of chloramphenicol,
nicotine, chlorpromazine, imipramine and thalidomide (Hagström
and Lönning, 1973), although again, chemical exposure was not
related to sea urchinmalformations. A larval development bioassay
has been carried out with P. lividus to evaluate the toxicity of
sediments from Sparus aurata and Tunna tunna cage farms (Marín
et al., 2007). Abnormalities of the skeleton were taken into
account, but were not related to the type of contamination.
The sea urchin development test using the skeletal criteria has
been found to be a sensitive and rapid method of assessing the
toxicity of LBMFF effluents. Nevertheless, other studies that have
evaluated the effluents from these particular LBMFFs have shown
that toxicity classification may vary depending on the bioassay
performed. Although the sea urchin bioassay with different species
has been found to be sufficiently sensitive for use with fish farm
discharges (Carballeira et al., 2011a), other bioassays should be
conducted with several species from different trophic levels to
monitor all pollutants from waste waters (Peters et al., 2002).
5. Conclusions
The effluents from LBMFFs are complex mixtures of metabolic
wastes and contaminants of different nature. The sea urchin
embryo development test is a rapid cost-effective method that
enables assessment of the toxicity associated with LBMFF effluents.
This bioassay, used with the skeletal criterion, is an excellent
candidate for inclusion in a battery of bioassays designed to
monitor discharges from LBMFFs because of its greater sensitivity
and ecological relevance.
The identification of specific alterations during sea urchin
embryonic development appears to be a promising method for
the detection of contaminants or chemical mixtures, as well as
for environmental monitoring of nearshore areas. Nevertheless,
further research is required in order to establish the relationships
between specific malformations and the pollutants or mixture of
pollutants that cause them.
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Abstract In aquaculture, disinfection of facilities, pre-
vention of fish diseases, and stimulation of fish growth are
priority goals and the most important sources of toxic
substances to the environment, together with excretory
products from fish. In the present study, embryos of two
species of sea urchin (Paracentrotus lividus and Arbacia
lixula) were exposed to serial dilutions of six antibiotics
(amoxicillin (AMOX), ampicillin, flumequine (FLU),
oxytetracycline (OTC), streptomycin (ST), and sulfadia-
zine [SFD]) and two disinfectants (sodium hypochlorite
(NaClO) and formaldehyde [CH2O]). Alterations in larval
development were studied, and the effective concentrations
(ECs) were calculated to evaluate the toxicity of the
substances. Both species showed similar sensitivities to all
substances tested. Disinfectants (EC50 = 1.78 and
1.79 mg/l for CH2O; EC50 = 10.15 and 11.1 mg/l for
NaClO) were found to be more toxic than antibiotics.
AMOX, OTC, and ST caused\20 % of alterations, even at
the highest concentrations tested. FLU was the most toxic
to P. lividus (EC50 = 31.0 mg/l) and SFD to A. lixula
(EC50 = 12.7 mg/l). The sea urchin bioassay should be
considered within toxicity assessment–monitoring plans
because of the sensitivity of larvae to disinfectants.
The discharge of organic waste and a wide range of
chemicals is the main cause of the environmental impacts
associated with intensive aquaculture (Douet et al. 2009;
Burridge et al. 2010; Muñoz et al. 2010). The use of
chemicals in aquaculture is essential for manipulating fish
reproduction, increasing feeding efficiency, improving
survival and growth rates, cleaning facilities, controlling
pathogens and diseases, and decreasing transport stress
(Fernandes et al. 2001; Huntington et al. 2006; Sapkota
et al. 2008; Burridge et al. 2010). Few studies have
addressed the environmental effects in coastal waters of
chemicals commonly used in aquaculture (Huntington et al.
2006). Moreover, fish farm reports on disease occurrence,
prescribed compounds, and quantities of compounds
used are not available to the public (Sapkota et al. 2008;
Burridge et al. 2010) because ecotoxicological information
about chemotherapeutic and cleaning treatments are
included in confidential technical reports, which can be
difficult to obtain (Crane et al. 2007).
Antibiotics are mainly required to prevent and control
diseases and to stimulate fish growth. It has been estimated
that approximately 75 % of antibiotics are not absorbed in
the gut by animals and are excreted as the parent compound
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and its breakdown metabolites in waste (Chee-Sanford
et al. 2009). Antibiotics can affect the biological diversity
of phytoplanktonic and zooplanktonic communities (Holten-
Lützhøft et al. 1999), and their use can lead to drug-
resistant bacteria and transferable resistance genes in fish
pathogens and other bacteria in the aquatic environment
(Heuer et al. 2009).
Large quantities (10–30 mg/l) of disinfectants are used
in intensive fish farming to disinfect sites, water, sediment,
and equipment and sometimes to treat diseases (Joint
Group of Experts on the Scientific Aspects of Marine
Environmental Protection (GESAMP) 1997; Gräslund and
Bengtsson 2001). No regulations exist regarding the use of
disinfectants, and no information is available on the
amounts used in the marine aquaculture industry, pro-
cessing plants, or the food industry (Muñoz et al. 2010).
Moreover, disinfectants contain surfactants, which may not
be listed on the label (Burridge et al. 2010). The enormous
dilution of aquaculture effluents, when they are discharged
into aquatic systems, and the degradation of contaminants
in the natural environment make it difficult to detect pol-
lutants by chemical analysis of water samples (Pouliquen
et al. 2007). Environmental assessment of chemicals in the
marine environment therefore requires the development of
highly specific and sensitive analytical procedures.
The sea urchin embryo development test has been found
to be a suitable tool for assessing environmental pollution
(Cesar et al. 2004; Bellas et al. 2005; Byrne et al. 2008;
Mankiewicz-Boczek et al. 2008) and has been standardized
by several national environmental agencies (United States
Environmental Protection Agency (USEPA) 1994a; Envi-
ronment Canada 1997). This test has been shown to be
sensitive to metals (Kobayashi 1977; Kobayashi and
Okamura 2004; Marı́n-Guirao et al. 2005; Kungolos et al.
2009; Caplat et al. 2010), organotin compounds (Kobay-
ashi et al. 2008), radiation (Matranga et al. 2010; Bon-
aventura et al. 2005), and acidification (Byrne et al. 2010;
Moulin et al. 2011), among other factors. It has also been
found to be a valuable tool for evaluating complex
chemical mixtures (in which additive, synergistic, and
antagonistic effects may affect toxicity) that might be
released into the marine environment (Xu et al. 2011). The
sea urchin embryo development test has been proposed for
inclusion in a battery of bioassays for monitoring the tox-
icity of effluents from land-based marine fish farms
(LBMFFs; Carballeira et al. 2011a), which are character-
ized by the use of complex mixtures of substances.
The main objective of this study was to assess the validity
of the sea urchin larval development test using the species
Arbacia lixula and Paracentrotus lividus by evaluating the
toxicity of fish farming–related chemicals. Larvae were
exposed to six antibiotics [amoxicillin (AMOX), ampicillin
(AMP), flumequine (FLU), oxytetracycline hydrochloride
(OTC), streptomycin sulfate (ST), and sulfadiazine (SFD)],
two disinfectants (sodium hypochlorite (NaClO) and form-
aldehyde [CH2O]), and two reference toxicants (ammonium
chloride (NH4Cl) and zinc sulfate [ZnSO4]). The target
substances were selected because of their frequent use in
several LBMFFs in Galicia (northwest Spain) (GESAMP
1997; Costello et al. 2001) (Table 1). The reference toxi-
cants were those proposed by Cesar et al. (2002) for the
embryo development toxicity test. Possible differences in
the responses to the chemicals in the two species of sea
urchin were analyzed to select the most sensitive bioindi-
cator for the assessment of LBMFF wastes.
Materials and Methods
Dilution Preparation
Standard solutions of the selected antibiotics, disinfectants,
and two reference toxicants were prepared with artificial
seawater using Sigma-Aldrich reagents (Sigma-Aldrich Co.
LLC, St. louis, USA) and borosilicate material at all times
(Lera et al. 2006; USEPA 1995). The artificial seawater
was prepared according to Lorenzo et al. (2002) and fil-
tered (0.2 lm). Optimum ranges of salinity (32–34 %) and
Table 1 Contribution of fish farming to contamination of the aquatic system: description of the main constituents of fish farming wastewaters
Type of waste Origin Frequency
Particulate Feces Food intake Continuous
No consumed food Food intake Continuous
Dissolved Excretion products Food intake Continuous
Pesticides Preventing and removing fouling, parasites, etc. Occasional
Disinfectants Cleaning and disinfection Continuous
Medicines (antibiotics and vaccines) Disease control Occasional
Others (hormones, anesthetics, food additives,
and structural materials)
Induce ovulation, pain insensitivity,
coloring fish meat, facilitate degradation
Occasional
Biological Pathogens transmissible to wildlife Culture conditions (fish density, antibiotic resistance) Occasional
Data from Carballeira et al. (2012b)
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pH (8.0 ± 0.4) were established for both A. lixula and
P. lividus. These parameters were controlled at the begin-
ning and the end of the test, so they could be ruled out as
confounding factors (Carballeira et al. 2011c; Saco-
Álvarez et al. 2010). The reagents were as follows: 99 %
AMOX, 99 % AMP, 99 % FLU, 95 % OTC, 98 % ST,
99 % SFD, 10 % NaClO, 37 % CH2O, 99.5 % NH4Cl, and
99.9 % ZnSO4.
Nominal dilutions of all of the chemicals were prepared
by diluting the standard solutions with artificial seawater as
follows. Dilutions of 100, 200, 500, and 750 mg/l were
prepared for AMOX; 0.5, 1, 5, 10, 50, 100, 200, and
300 mg/l for AMP; 0.5, 1, 5, 10, 20, 50, 100, and 200 mg/l
for FLU; 100, 200, 300, 500, and 750 mg/l for OTC; 0.5, 1,
5, 10, 50, 100, and 200 mg/l for ST; 0.5, 1, 2, 5, 10, 20, 50,
100, and 200 mg/l for SFD; 0.25, 0.5, 1, 5, 10, 20, 35, and
50 mg/l for NaClO; 0.5, 1, 1.5, 3, 5, and 10 mg/l for CH2O;
0.25, 0.5, 1, 2, 4, 8, 15, and 30 mg/l for NH4Cl; and 0.01,
0.02, 0.05, 0.1 and 0.2 mg/l for ZnSO4. Incubation boro-
silicate vials of 20 ml volume were filled with the different
dilutions of chemicals or with artificial seawater only
(control). The test was performed in quadruplicate.
Sea Urchin Embryo Development Bioassay
Adult sea urchins were collected from a clean intertidal
zone at Getares (Algeciras Bay, southwest Spain). In the
laboratory, organisms were acclimatized in a pool with
clean aerated seawater in continual renewal at 15 C for
10 days. Gametes were obtained by injecting 1 ml KCl
(0.5 M) through the perioral membrane of three male and
three female specimens. Sperms and eggs from adults were
pooled separately in borosilicate beakers. The eggs were
maintained in seawater, and sperm was kept in dry and cold
conditions until in vitro fertilization. Gametes were
observed under a microscope to check their maturity
(spherical eggs and mobile sperm). The eggs were then
transferred to a measuring cylinder containing artificial
seawater. A few microliters of dry sperm were added to the
egg suspension and stirred carefully to allow fertilization to
take place (at least 95 % fertilized eggs). The density of
fertilized eggs in the suspension was checked, and a vol-
ume of suspension containing approximately 400 fertilized
eggs was placed in each incubation vial already filled with
the chemical dilutions. The same methodology for in vitro
fertilization was followed for both sea urchin species.
The tests with both of the species were conducted
simultaneously. Vials were covered with a lid and incu-
bated for 48 (P. lividus) and 72 h (A. lixula) under natural
photoperiod (Fernández 2002), at 20 C ± 0.7 and[85 %
dissolved oxygen. These conditions precluded evaporation
of the solutions and ensured that confounding factors
would not interfere in larvae development (Saco-Álvarez
et al. 2010), enabled complete development of embryos
into pluteus larvae, and minimized background mortality
and the duration of the tests (Fernández 2002). After the
incubation period, larval development was stopped, and
larvae were fixed by adding two drops of 40 % CH2O. The
end point was the failure of embryogenesis, which was
expressed as the percentage of abnormal larvae. A com-
plete description of the criterium by which to distinguish




Significant differences between the percentage of abnormal
embryos obtained after exposure to artificial seawater (control)
and to the test dilutions were determined for each chemical by
one-way analysis of variance (ANOVA), followed by multiple
comparisons with Dunett and Tukey tests. The differences
were classified according to their statistical significance as
follows: a (p\0.001), b (p\0.01), and c (p\0.05). SPSS
statistical software (Statistical Package for the Social Sciences,
version 17.0, International Business Machines Corporation,
Massachusetts, USA) was used for data analysis.
Dose–Response Curves and EC Values
R software (The R foundation for Statistical computing,
Vienna, Austria) with the drc add-on package was used to
calculate the best-fitted dose–response curves for each chem-
ical and each species. Data for each chemical and each species
were adjusted to the most suitable parametric of a series of
nonlinear regression models, according to the maximum log
likelihood value, Akaike’s information criterion, the estimated
residual variance, and the p value from a lack-of-fit test (Ritz
and Streibig 2005; RDevelopment Core Team 2008). Then the
software calculated and provided the effective concentrations
(ECs) for the different chemicals tested and their respective
SD. The effective concentration (ECx) of a substance is
defined as the concentration that causes a defined magnitude
(x) of response in a given organism.
Species Sensitivity
Differences in the sensitivity to chemicals between the two
sea urchin species, according to the failure of embryological
success and the EC values, were analyzed by nonparametric
Mann–Whitney test. Differences were considered signifi-
cant at 95 % (p\ 0.05). Statistical software (SPSS version
17.0) was used to perform the analyses.




The dose–response curves obtained for the antibiotics,
disinfectants, and reference toxicants, according to the
embryological failure of P. lividus and A. lixula, are shown
in Figs. 1, 2. The EC values are listed in Table 2. Most data
from the bioassay with P. lividus could be fitted to the four-
parameter log-logistic model. Some data from the bioassay
with A. lixula were fitted to the four parameter Weibull
model, and other dose–response curves were also calcu-







































































































Fig. 1 Dose–response curves for each antibiotic obtained for
P. lividus (solid line and squares) and A. lixula (dashed line and circles).
EC values are based on nominal concentrations at the beginning of the
toxicity test. Significant differences between dilutions and control are
represented as follows: a (p\ 0.001), b (p\ 0.01), and c (p\ 0.05)
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Antibiotics
The percentages of abnormal larvae of both species after
exposure to AMOX, OTC, and ST were significantly dif-
ferent (p\ 0.05) from the controls in all of the dilutions,
but they remained \20 %, even at the highest antibiotic
concentrations tested (750, 750, and 200 mg/l, respec-
tively) (Fig. 1). Because the maximum and minimum
observed responses must be smaller or larger than the ECx
level to be calculated (Ritz and Streibig 2012), it was not
possible to calculate the EC20 and EC50 values for these
chemicals (Table 2). The percentages of abnormal larvae
of the two species were significantly different (p\ 0.05)
from the control in all of the dilutions, and they increased
greatly with the concentrations of AMP, FLU, and SFD;
complete larval alteration was reached at a concentration of
200 mg/l (Fig. 1). When comparing the various EC values
of the different antibiotics (Table 2), results from the A.
lixula test clearly showed the highest EC values obtained
with AMOX, OTC, and ST (EC10 = 1,276 and 85.1 and
EC5 = 64.3 mg/l, respectively), whereas lowest EC values
were obtained with AMP, FLU, and SFD (EC50 = 2.93,
75.4, and 12.2 mg/l, respectively). Results from the P.
lividus test were more variable, but all of the EC values
were lower than for A. lixula in the case of FLU. None of
the antibiotics were associated with a particular larval
deformation in any of the species.
Disinfectants
The percentages of abnormal larvae of P. lividus and
A. lixula increased along with the concentrations of CH2O
and NaClO, and values[50 % were reached with the 1.7
and 10 mg/l dilutions, respectively (Fig. 2a). Embryogen-
esis failed in a significantly different way from the control
in all of the dilutions.
The EC values for CH2O were among the three lowest
of all of the test substances for both species (Table 2).
Regarding NaClO, only the EC20 and the EC50 were able to




































































































Fig. 2 Dose–response curves for disinfectants (a), ammonia (b), and
reference substances (c) obtained for P. lividus (solid line and
squares) and A. lixula (dashed line and circles). EC values are based
on nominal concentrations at the beginning of the toxicity test.
Significant differences between dilutions and reference are repre-
sented as follows: a (p\ 0.001), b (p\ 0.01), and c (p\ 0.05)
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with those obtained for the other chemicals (Table 2). The
disinfectants were not associated with any particular larval
deformation in either of the species.
Reference Toxicants
The ECs of the reference toxicants (Table 2), calculated
from the best-fit dose–response curves (Fig. 2b), were
consistent with results reported by environmental agencies
(Environment Canada 1997; CETESB 1999) and by other
investigators (Table 3). More than 80 % of larvae exposed
to solutions of 2 mg/l of NH4Cl had a crossed tip.
Species Sensitivity
P. lividus and A. lixula displayed similar degrees of sensitivity
to the tested chemicals, including the reference toxicants
(Table 2), except for AMP. A. lixula was five times more
sensitive to AMP than P. lividus. The responses of the sea
urchins to FLU, NaClO, and NH4Cl were similar ([75 %).
Discussion
General Approach
Bioassays using sea urchins have been recommended for
inclusion in an integrated approach to the pharmacological
evaluation of traditional materia medica (Kyerematen and
Ogunlana 1987). Here, we will determine if they should be
included in monitoring plans for LBMFFs.
Intensive LBMFFs are usually located at highly exposed
coasts with strong hydrodinamics. Because of this, waste-
waters are rapidly diluted and dispersed, difficulting the
determination of contaminants by conventional chemical
analysis. Rey-Asensio et al. (2010) measured metals, pes-
ticides, and antibiotics in the water column and biological
samples from the vicinity of a series of LBMFFs. They
concluded that chemical determinations, except for the 15N
signal, were not a suitable method to monitor the impact of
these farms because the concentrations of all contaminants
were lower than the detection limit in the water column.
Some low concentrations were found in anemoneae and
algae but the samples did not represent a contamination
gradient. However, biological effects have been identified
in different marine species exposed to LBMFF effluents
under laboratory conditions (Carballeira et al. 2011a).
Despite the low concentration of contaminants in the
LBMFF surroundings, biological damage has been
observed in native biota (Carballeira et al. 2011b), indi-
cating that the dilution of the effluents does not preclude
damage to the ecosystem. Therefore, toxicity tests may be a
more effective method to monitor intensive aquaculture.
To implement a useful battery of bioassays for LBMFF
monitoring, the sensitivity of different organisms to aqua-
culture-related contaminants should be first assessed.
In the present work, the suitability of the sea urchin
larval development test to evaluate the toxicity chemicals
Table 3 ECs of reference toxicants obtained in previous studies with the sea urchin embryo development test
Toxicant Species End point Value (mg/l) Reference
Ammonium chloride A. lixula EC25/EC50 1.71/2.48 Cesar et al. (2002)
P. lividus EC25/EC50 1.95/2.71
Sphaerechinus granularis EC25/EC50 1.87/2.24
A. lixula EC25/EC50 1.70/2.56 Cesar et al. (2004)
P. lividus EC25/EC50 1.8/2.72
S. granularis EC25/EC50 1.71/2.30
Zinc sulfate Sterechinus neumayeri EC50 (20–23 d) 0. 326 King and Riddle (2001)
A. lixula EC50 0.01–0.100
P. lividus EC50 \0.033
Hemicentrotus pulcherrinus EC50 0.010–0.020
Diadema setosum EC50 0.010–0.020
P. lividus EC50 0.8–1.0 Caplat et al. (2010)
A. lixula EC25/EC50 0.03/0.05 Cesar et al. (2002)
P. lividus EC25/EC50 0.03/0.05
S. granularis EC25/EC50 0.03/0.05
A. lixula EC25/EC50 0.03/0.04 Cesar et al. (2004)
P. lividus EC25/EC50 0.03/0.05
S. granularis EC25/EC50 0.03/0.06
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related with fish farming was evaluated. Larvae of the
species P. lividus and A. lixula were exposed to a series of
nominal concentrations of antibiotics and disinfectants.
Two reference substances were also included to determine
the acceptability of the test.
The toxicity of metals and some organic pollutants
decreases with increasing salinity (Hall and Anderson
1995). In this study, the salinity of all dilutions was held
constant (33 %) to determine the potential toxicity of
aquaculture effluents on the surroundings of LBMMFs.
However, because of the lack of information on the toxicity
of tested chemicals, end point values were compared with
those obtained at different salinities in other studies.
The toxicity of other compounds depends on pH, tem-
perature, and salinity (Bell et al. 2007) as well as the
photodegradation rate (Yuan et al. 2011). In this study, pH,
temperature, and salinity of all dilutions were controlled
and kept within the optimal ranges for the species, and a
natural photoperiod was applied to resemble natural pho-
todegradation. These conditions were the same for both
species; therefore, exposure characteristics were similar,
and interspecies comparisons could be conducted to enable
the selection of the most sensitive species.
Antibiotics
The results of the present study showed that at concentra-
tions[100 mg/l, some antibiotics, such as AMOX, OTC,
and ST, may improve the development of sea urchin larvae,
whereas others, such as AMP, FLU, and SFD, may inhibit
sea urchin larva development at a concentration of
approximately 100 mg/l. Administration of antibiotics has
been recognized as a way of improving the survival of
marine larvae (Verschuere et al. 2000). In fact, antibiotics
can be used in aquaculture as growth stimulators rather
than measures for disease prevention and can be included
in commercial feeds (Flaherty et al. 2000). Nevertheless,
chemotherapeutants may also be toxic depending on the
therapeutic class, the administration period, or the dose
used (National Research Council 1993). Antibiotics are
designed to inhibit the growth of pathogenic bacteria and
kill them by selective inhibition of the synthesis of the cell
wall and other membranes, macromolecular synthesis, or
enzyme activity in prokaryotic cells. As a result of these
selective traits, they show low toxicity in higher organisms
(Nikaido 2009). The log Kow (octanol–water partition
coefficient) values of most antibiotics are \5, indicating
that they are not particularly hydrophobic (Tolls 2001).
Antibiotics mainly act on prokaryotic organisms, which
have also been shown to be more sensitive (Halling-
Sørensen 2001). Thus, in theory, antibiotics may be rapidly
dispersed by dilution and may be better detected using
bacterial bioassays rather than using bioassays with other
organisms. Nevertheless, this study has shown the validity
of the embryo development test in assessing the toxicity of
at least three of the six antibiotics tested: AMP, FLU, and
SFD. Moreover, several research studies have shown that
tests with bacteria may not be the most appropriate for
monitoring antibiotics in the environment (see later text).
This study is important because of the lack of research
on the use of the sea urchin bioassay to assess the toxicity
of antibiotics. Most studies on the deleterious effects of
antibiotics on marine organisms have focused on marine
bacteria, green algae, and crustaceans. As already men-
tioned, the sensitivity of the two sea urchin species used,
P. lividus and A. lixula, varied depending on the antibiotic
considered. The larval development of both species was
significantly affected by AMP, FLU, and SFD. Conversely,
larvae of both species were found to be resistant to AMOX,
OTC, and ST.
AMOX
AMOX has been tested in diverse bioassays with bacteria,
algae, invertebrates, and fish and in most cases has been
found to be associated with EC50 values [1,000 mg/l,
indicating low toxicity for all tested taxa (Eguchi et al.
2004; Holten-Lützhøft et al. 1999; Park and Choi 2008).
However, low tolerances were also reported for two
freshwater organisms: blue-green microalgae Synechococ-
cus lepoliensis (EC50 = 0.002 mg/l) and the cyanobacteria
Microcystis aeruginosa (EC50 = 0.0037 mg/l) (Andreozzi
et al. 2006; Holten-Lützhøft et al. 1999). This fact indicates
a certain specificity of AMOX because it seems to affect
mainly bacteria, which are the target.
OTC
The toxicity of OTC has been previously assessed with
marine organisms and displayed high variability among
species. Freshwater (e.g., green algae S. capricornutum,
rotifer Brachionus calyciflorus, and cladoceran Cerio-
daphnia dubia) and marine species [e.g., shrimp Penaeus
vannamei (Boxall et al. 2004; Isidori et al. 2005)] as well as
green algae Rhodomonas salina (Holten-Lützhøft et al.
1999) were found to be more sensitive to OTC
(EC50 = 0.061–0.18 mg/l) than marine bacteria [e.g.,
Vibrio fischeri (Isidori et al. 2005; Lalumera et al. 2004;
Park and Choi 2008)], sea urchins (e.g., Psammechinus
miliaris [Campbell et al. 2001]), or larvae of the marine
fishMorone saxatilis (Boxall et al. 2004) (EC50 C 60 mg/l).
However, in the case of bacteria, the apparently low sen-
sitivity may be due to the short exposure time used in
the toxicity test rather than to a real lack of sensitivity
(Thomulka et al. 1993; Backhaus and Grimme 1999; van
der Grinten et al. 2010).
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The present results were consistent with those reported
by other investigators who considered ST as nontoxic to
sea urchins. In fact, Lera and Pellegrini (2006) used ST to
decrease marine bacterial contamination in the culture and
cryogenic storage of P. lividus eggs. Nevertheless, some
studies on antimicrobial potency have shown that ST and
OTC retained greater potency longer than other antibiotics
in aerobic and anaerobic experiments, respectively (Hal-
ling-Sørensen et al. 2003). Some of the few studies of this
antibiotic showed that the freshwater crustacean Daphnia
magna [EC50[ 480 mg/l (Wollenberger et al. 2000)] was
less sensitive than M. aeruginosa (EC50 = 0.034 mg/l [van
der Grinten et al. 2010]), sludge bacteria [EC50 = 0.47 mg/l
(Halling-Sørensen 2001)], and marine V. harveyi [EC50 =
19 mg/l (Thomulka et al. 1993)]. In contrast, V. fischeri
was found to be highly resistant to ST, and the percentage
of bioluminescence inhibition was maintained at\15 % at
ST concentrations of 250 mg/l (Inés G. Viana, unpublished
results).
AMP
The toxicity of AMP has been tested with V. fischeri
(Backhaus and Grimme 1999; Park and Choi 2008), the
freshwater cladocerans D. magna and Moina macrocopa,
and the amphidromous fish Oryzias latipes (Park and Choi
2008). High tolerance was reported for all species, with
EC50[ 160 mg/l. Park and Choi (2008) were not able to
calculate the toxic end point (EC50) of AMP for different
trophic levels (bacteria, cladocera, and fish), even at the
maximum concentrations tested (1,000 mg/l). The only
way of detecting toxic concentrations of AMP\ 1,000
mg/l was to extend the length of the bioluminescence test
with V. fischeri to 24 h with an EC50 value of 163 mg/l
(Backhaus and Grimme 1999). The sea urchin test thus
appeared to be more sensitive to this antibiotic (EC50 =
29.3 mg/l).
FLU
In the present study, FLU was one of the most toxic anti-
biotics for P. lividus and A. lixula. The sensitivities of V.
fischeri (Backhaus et al. 2000; Hernando et al. 2007;
Lalumera et al. 2004), M. aeruginosa (Holten-Lützhøft
et al. 1999; van der Grinten et al. 2010), and the microalga
R. salina (Holten-Lützhøft et al. 1999) to this compound
were found to be even greater (EC50 = 0.198–19 mg/l,
0.159 mg/l, and 18 mg/l, respectively).
SFD
Of the antibiotics assayed in this study, SFD was one of the
most toxic; however, and again, other freshwater species,
such as M. aeruginosa (EC50 = 0.135 mg/l) (Holten-
Lützhøft et al. 1999), S. capricornutum, and Chlorella
vulgaris (EC50 = 2.2 mg/l) (Eguchi et al. 2004) exhibited
greater sensitivity than the sea urchin species tested here.
The results of the evaluation of the potential impact of
antibiotics appear to depend on the sensitivity of the spe-
cies used in the toxicity tests. M. aeruginosa appears to be
the best candidate for assessing the toxicity of AMOX,
FLU, and SFD because of its high sensitivity compared
with other organisms tested. Crustacean and green micro-
algae appear appropriate for monitoring OTC, whereas
bacteria, except V. fischeri, are appropriate for ST and sea
urchins for AMP.
According to the REACH regulations (Registration,
Evaluation, Authorization and Restriction of Chemicals), a
substance is considered persistent, bioaccumulative, and
toxic (PBT) when its half-life is[40 days in fresh or estu-
arine water, the bioaccumulation factor (BCF) is [2,000 l/kg,
and the minimum no observed–effect concentration is
\0.01 mg/l. The potential bioavailability of these antibi-
otics is variable, highlighting the high solubility of ST,
AMOX, and OTC, although they are less soluble in sea-
water; FLU appears to be the most dangerous because it is
more likely to persist in food chains (as indicated by the
Kow value) (Holten-Lützhøft et al. 1999; Beausse 2004;
Chee-Sanford et al. 2009). In addition, although these
antibiotics have shown relatively low toxicity, the half-life




CH2O is used worldwide as antifungal agent (piscicide) in
the control of ectoparasites and is also used to remove
ammonia from shrimp ponds (Gräslund and Bengtsson
2001). Regulations for maximum permissible levels of
disinfection by-products have been established by the
World Health Organization (WHO) as 0.9 mg/l for CH2O
(WHO 1993). The EC5 values obtained for P. lividus and
A. lixula are close to the concentration established by the
WHO. Taking into account that the EC5 is not even con-
sidered as an effect indicator, the WHO regulations are
sufficiently restrictive and safeguard the integrity of sea
urchins. There are no previous toxicity studies of CH2O
involving the sea urchin embryo development test, even
although it is used to block larval development in the sea
urchin bioassay and thus is known to be highly toxic to
these organisms. The toxicity of this chemical has mainly
been tested in bacteria, crustaceans, fish, and macroalgae.
The WHO threshold appears appropriate for V. fischeri
(EC50 = 8.1 mg/l [Ricco et al. 2004]) and for the
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freshwater fish Oncorhynchus mykiss (EC50 = 50 mg/l)
and Danio rerio (EC50 = 9 mg/l) (Eternal Technology
Corporation 2004). In contrast, the WHO restriction for
CH2O may not be sufficient for D. magna (EC50 = 42 lg/l),
C. dubia (EC50 = 12.9 lg/l), the crustaceans Artemia sp.
(EC50 = 1.17 lg/l), the shrimp Pennaeus stylirostris
(EC50 = 2.7 lg/l), the freshwater crustacean Cypridopsis
sp. (EC50 = 2.56 lg/l), and numerous shrimps and crabs
(EC50 = 7.6-633 lg/l) (Eternal Technology Corporation
2011) or the marine brown algae Phyllospora comosa
(EC50 = 0.1 mg/l [Burridge et al. 2010]).
NaClO
NaClO is the most common disinfectant worldwide. In
solution, it is quickly transformed, and the by-products
generated may produce negative effects on the environ-
ment because they can react with different organic sub-
stances and result in high concentrations of halogenated
hydrocarbons, which may be persistent (Flaherty et al.
2000; Gräslund and Bengtsson 2001). P. lividus and
A. lixula showed intermediate sensitivity to NaClO compared
with other species. V. fischeri (EC50 = 0.061) (Thomulka
et al. 1993) and the sea urchins Strongylocentrotus purpu-
ratus and Lytechinus variegatus (EC50 = 0.064–0.7 mg/l)
(Muchmore and Epel 1973; Sano et al. 2004) appeared to
be particularly sensitive to this chemical.
NaClO decomposes on exposure to heat, ultraviolet
light, and contaminants as follows (Corporation Black and
Veatch 2010): 3NaOCl = 2NaCl ? NaClO3. Chlorate
(ClO3
-) was found to be particularly toxic to the marine
brown algae Ectocarpus variabilis (EC50 = 0.015 mg/l),
which exhibited a sensitivity between 50 and 1,000 times
greater than other species, such as the green microalgae
S. capricornutum and the fungus Trichoderma hamatum
(Van Wijk et al. 1998). The absence of common brown
macroalgae (Fucus sp.) in the surroundings of sewage
water outfalls confirms these results (Borowitzka 1972;
Carballeira et al. 2012b; Littler and Murray 1975). Chlo-
rine is also found in drinking water disinfected with chlo-
rine dioxide and NaClO (Corporation Black and Veatch
2010) and is known to be highly toxic to Daphnia sp., with
an EC50 from 0.005 to 0.15 mg/l (USEPA 1994b).
Reference Toxicants
The toxicity values of reference toxicants from both spe-
cies were consistent with those found in previous studies
with the same and other species. This indicated that the
larval toxicity test was performed successfully and dem-
onstrated the high reproducibility of this bioassay.
In solution, NH4Cl dissociates and establishes an equi-
librium unionized–ionized ammonia, which depends on pH,
temperature, and salinity (Bell et al. 2007), and it also
influences ammonia toxicity (Körner et al. 2001). In the
present work, these parameters were controlled and kept
within the optimal ranges for the species. Therefore, they did
not vary significantly during the bioassay, and the equilib-
rium was not expected to vary either. Moreover, when the
nominal concentration of total ammonia is known, the
characteristics of the equilibrium at certain values of pH,
temperature, and salinity can be assessed using the empiri-
cally determined equation by Bell et al. (2007).
Ammonia is the main end product of protein metabolism
in teleosts (Altinok and Grizzle 2004), and it should be
considered within the environmental monitoring plans of
aquaculture farms because it can indicate the risk of
eutrophication (Constable et al. 2003). It also represents a
confounding factor when interpreting sea urchin toxicity
tests results (Carballeira et al. 2011c; Carr et al. 2006;
SacoÁlvarez et al. 2010) and in masking the toxicity of
chemical mixtures (Arizzi Novelli et al. 2003; Carr et al.
2006; Losso et al. 2007).
In the present work, microscopic examination of larval
skeletons showed that crossed tip was the prevailing skel-
etal malformation in solutions of NH4Cl at concentrations
of 1 and 2 mg/l. Carballeira et al. (2012a) studied the
toxicity of effluents from land-based marine fish farms by
analyzing specific malformations of the larval skeleton.
Some effluents were characterized by a particular skeletal
abnormality, and only one was associated with crossed tip
as the dominant abnormality. Comparing the results of the
present study with those of the latter study (Carballeira
et al. 2012a), we can conclude that effluents from LBMFFs
may contain substances other than NH4Cl, or mixtures of
substances, that cause diverse skeletal malformations.
Sensitivity Differences Between Species
There were no significant differences between the sensi-
tivities of P. lividus and A. lixula to the tested compounds
(except AMP). Previous studies have also shown that dif-
ferent sea urchin species display similar sensitivities when
exposed to sediment and effluent samples, reference toxi-
cants, metals, and mixtures of metals (Cesar et al. 2002,
2004; Xu et al. 2011; Carballeira et al. 2011a).
The absence of particularly sensitive sea urchin species
in this and previous studies may offer the possibility to
conduct toxicity tests with either species when the target
species is not present as well as process and compare the
results without distinction. However, further research is
needed to confirm the validity of this hypothetical
approach. More studies involving a greater number of
species should be conducted, and the end point should be
clearly established and strictly the same for all of the
species (King and Riddle 2001).
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Conclusion
The prolonged and indiscriminate use of chemicals in
aquaculture is well documented, although little is known
about their environmental effects. Safety for human con-
sumption must be ensured and impacts on the environment
minimized because aquaculture activity is expected to
increase in coming years.
Bacterial toxicity tests are suitable for measuring the toxic
effects of antibiotics because of their sensitivity to these anti-
microbial agents. However, bacteria have shown lower sensi-
tivity to disinfectants and metallic compounds than sea urchins
andother speciesof differentphyla.Therefore, abatteryof tests,
including one species of bacteria, one species of microalgae,
and one species of sea urchin, is recommended for full
screening of the toxic effects of substances and monitoring
LBMFF surroundings in a rapid and cost-effective manner.
The application and comparison of more than one model
for fitting the data allows selection of the model that best
fits the data, thus enabling calculation of more EC values.
Finally, the results of this study indicate that the sea urchin
species P. lividus and A. lixula are equally sensitive to
different types of chemicals (antibiotics, disinfectants, and
reference toxicants), and so can be used indistinctly.
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Sea urchin larval development
a b s t r a c t
Environmental monitoring plans (EMP) that include chemical analysis of water, a battery of bioassays
and the study of local hydrodynamic conditions are required for land-based marine aquaculture. In this
study, the following standardized toxicity tests were performed to assess the toxicity of effluents from
eight land-base marine fish farms (LBMFFs) located on the northwest coast of Spain: bacterial
bioluminescence (with Vibrio fischeri at 15 and 30 min), microalgal growth (with Phaeodactyllum
tricornutum and Isochrysis galbana) and sea urchin larval development (with Paracentrotus lividus and
Arbacia lixula). These bioassays were evaluated for inclusion in routine fish farm monitoring. Effective
concentrations (EC5, EC10, EC20, EC50) for each bioassay were calculated from dose–response curves,
obtained by fitting the bioassay results to the best parametric model. Moreover, a graphical method of
integrating the results from the battery of bioassays and classifying the toxicity was proposed, and the
potential ecotoxic effects probe (PEEP) index was calculated. The bacterial bioluminiscence test at
30 min, growth of I. galbana and larval development of A. lixula were found to be the most sensitive and
useful tests. Graphical integration of these test results enabled definition of the ecotoxicological profiles
of the different farms. The PEEP index, considering EC20, efficiently reflected the toxic loading potential
of LBMFF effluents. In conclusion, a battery of bioassays with species from different low trophic levels is
recommended as a rapid and cost-effective methodology for assessing LBMFF discharges. The graphical
integration method and the PEEP index are proposed for consideration in EMPs for such farms.
& 2011 Elsevier Inc. All rights reserved.
1. Introduction
Marine land-based aquaculture has become more intensive
over the last 15 years, mainly as a result of the introduction of
new technologies, expansion of suitable sites, improvements in
feed technology, improved understanding of the biology of the
species farmed, increased water quality within farming systems
and the increased demand for fish products (Read and Fernandes,
2003). Although the output from fisheries remained constant,
flatfish aquaculture increased significantly from 26,300 t in 2000
to 148,800 t in 2008, with China and Spain being the leading
producers (FAO, 2010). In Spain, the main species involved is the
turbot (Psetta maxima), which is produced in land-based facilities.
Fish production can generate considerable amounts of efflu-
ents, such as waste food, feces, medications and pesticides, which
may have (eco)toxic and trophic effects (eutrophization), and
consequently may alter the structure and development of the
receiving ecosystems. Discharges from aquaculture to the aquatic
environment may be categorized as continuous discharge, peri-
odic discharge and pulses of veterinary medicines and/or their
mixtures (Tello et al., 2010). Discharges include a wide range of
chemicals involved in feed composition and metabolization,
liming materials, algicides, disinfectants, antibiotics, hormones,
osmoregulators and probiotics. Most studies of effluents from
land-based fish farms have focused on output nutrients, biochem-
ical oxygen demand and suspended solids, but few studies have
considered chemicals and pathogens (Tello et al., 2010).
If the understanding of the ecotoxicological effects does not
keep pace with the emergence of new aquaculture products,
waste water discharges from fish farms may become a problem.
A serious environmental impact may occur when untreated
effluents are released into the sea. Regulations, methodological
guidelines and protocols, and monitoring plans have been devel-
oped for marine fish farms (Fernandes et al., 2000; GESAMP,
1996; Hansen et al., 2001; Roque D’Orbcastel et al., 2004; SEPA,
1999; Stigebrandt et al., 2004), although these all refer to the
environmental impact caused by marine fish farms installed in
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cages. Protocols or environmental monitoring plans (EMPs) for
land-based marine fish farms (LBMFFs) are practically non-exis-
tent, and there is a critical need to improve the information on
inland fishery resources and on the people that use and depend
on them (FAO, 2010). Since monitoring of the impacts of cage fish
culture mainly focuses on benthic communities, which are largely
affected by the type of site where the cages are located and the
type of management carried out, other options for the design of
EMPs for LBMFFs must be considered.
To date, the organization responsible for the environmental
surveillance of LBMFFs in Galicia (northwest Spain) has only
considered conventional physicochemical parameters in monitor-
ing the effluents. The information obtained from such analyses is
insufficient, because emerging pollutants are not taken into
account, and the data do not indicate the potential effects on
ecological processes in the water column (Sara, 2007) because
they do not reflect the bioavailability of contaminants (Hernando
et al., 2007) and pollutant interactions (e.g. synergistic effects)
(Richardson et al., 2007). Furthermore, chemical analysis of trace
elements is complex and entails high costs. Evaluation of the
relationship between the information obtained by monitoring and
the cost of obtaining such information (Borja, 2002) within the
experimental control versus environmental realism concept are
necessary when designing a practical EMP. The information
compiled should describe the ecological processes and not merely
describe local situations (Underwood, 1997).
In this context, the use of laboratory bioassays to evaluate the
potential toxicity of fish farm effluents, in combination with study
of the hydrodynamic conditions in the area, may provide useful
ecotoxicological data, and may also enable estimation of the
capacity of the environment to assimilate the impact. Field testing
and field monitoring provide more realistic ecological evidence,
but cannot always be applied, because of their complexity and
high cost (DelValls, 2007). Laboratory bioassays are monitoring
tools that try to estimate the likelihood that contaminants within
an environmental matrix will cause effects at different levels of
organization and, ultimately, harm the surrounding ecosystem.
Laboratory bioassays are relatively simple to carry out and
therefore should be considered in EMPs with the same frequency
as conventional chemical analyses.
Many regulatory agencies assess the environmental toxicity of
discharges by use of a battery of test organisms that may include
aquatic invertebrates, fish, bacteria, microalgae and higher plants
(OECD, 1998; USEPA, 2000). A meaningful battery of bioassays
with high sensitivity to pollutants for the evaluation of effluents
and superficial waters should ideally include test species belong-
ing to different trophic levels: producers (algae and higher
plants), consumers (crustaceans and rotifers) and decomposers
(Mankiewicz-Boczek et al., 2008) so that the toxicological profile
will be better understood. The selection of test species is deter-
mined by their relevance, prevalence, accessibility, ease of main-
tenance and culture, cost-effectiveness and by how easy they are
to observe and quantify (Jiangning et al., 2004).
The bioluminescence inhibition test that uses the bacteria
Vibrio fischeri has been widely applied in water analysis and
to evaluate the toxicity of biocides, which are the same or similar
to those used in fish farming (Backhaus and Grimme, 1999;
Coelho et al., 2011; Hernando et al., 2007; Isidori et al., 2005;
Lalumera et al., 2004; Muñoz et al., 2010; Park and Choi, 2008).
Microalgae have been recommended as test organisms because of
their ecological relevance and sensitivity (Pavlic et al., 2006;
Satoh et al., 2005). Toxicity tests conducted with embryos of
invertebrates are widely used because of their sensitivity to
chemicals of different nature, ease of handling, low cost and
applicability in both laboratory and field conditions (Beiras et al.,
2001).
According to this, the first aim of this study was to apply a set
of marine bioassays to evaluate the impact of LBMFFs on marine
life. This set of tests comprised the bioluminescence inhibition
test with the bacterium V. fischeri, the embryo development test
with the sea urchin species Paracentrotus lividus and Albacia lixula,
and the microalga growth test with the species Phaeodactyllum
tricornutum and Isochrysis galbana. A minimal battery of bioassay
was thus proposed for assessment of the effects of discharges
from LBMFFs on decomposers (bacteria), primary producers
(microalgae) and primary consumers (sea urchins). Because of
the lack of knowledge of the impact generated by this type of
aquaculture, the use of two different species of microalgae and
sea urchins and different exposure times with V. fischeri were
tested to determine the most suitable assay in accordance with
the physicochemical conditions of each farm.
The second objective was to propose, through prior evaluation,
a toxicity classification system based on the aforementioned
battery of bioassays for routine integral biological monitoring of
LBMFFs.
2. Material and methods
2.1. Effluent characteristics
This study focused on the effluents generated by eight LBMFFs (I, II, III, IV, V,
VI, VII and VIII) located in Galicia (northwest Spain; Fig. 1). These farms grow
Psetta maxima and Solea solea and they account for approximately the 50% of the
production of these species in Spain (APROMAR, 2011). Significant differences in
the level of production and the volume of residual water generated can be found
amongst each other (Table 1).
The Galician agency responsible for the environmental monitoring of the
LBMFFs provided the physicochemical characterization of the effluents from the
fish farms (Table 1). The same characteristics were measured in the input (I) and
in the output (O) water from 18 LBMFFs situated in the same region during the
period 2002–2008, and the average values obtained for the samples were similar
to those obtained in the effluents tested (Table 2).
The presence of specific contaminants was evaluated by means of bioaccu-
mulation measurements in several native macroalgae (Fucus sp. and Codium
tomentosum) and in transplanted specimens of the macroalga Saccharina sacchar-
ina (Rey-Asensio et al., 2010). Metals are major constituents of disinfectants and
anti-fouling products and are present in the diet of cultivated fish (Dean et al.,
2007). There were no significant differences (po0.05) in the bioaccumulation of
the most important metals (Cd, Cr, Cu, Pb and Zn) in either of the species within a
gradient of sampling sites affected by LBMFF discharges (Rey-Asensio et al., 2010).
All metal concentrations were below the mean background concentration deter-
mined for meso-polyhaline waters (Tueros et al., 2008). The concentrations of the
antibiotics sulfadiazine, flumequine, oxolinic acid, oxytetracycline and amoxicillin
were found to be below the detection limit of chemical analysis in all species, but
significant differences (po0.05) in their bioconcentration were observed in S.
saccharina collected in the surroundings of the LBMFFs. Some pesticides such as
prometryn, prometon and chlorothalonil were also detected in the transplanted











Fig. 1. Location of the eight land-based marine fish farms (designated from I to
VIII) on a map of Galicia (northwest Spain).
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2.2. Effluent sampling
Water samples were collected in October 2008 at the output of eight LBMFFs
located in NW Spain, dedicated to turbot culture (Psetta maxima L.) and fattening
of sole (Solea solea L.), and in which production levels are different (Table 1). All
the farms under study have open water circulatory systems, except fish farm VIII,
which has a water recycling system.
Sampling was performed during the period of maximum productivity (Sep-
tember–October 2008) in order to reflect the highest potential impact of the farms.
Representative samples of effluent were obtained by programming a peristaltic
pump (Gilson M312), placed at the output channel of each farm, to obtain a sample
of about 6 L of effluent (before being diluted with receiving seawater) during the
hours when fish are metabolically most active (8 a.m. to 8 p.m.). Effluent samples
were obtained 48 h before the beginning of the experiment.
2.3. Toxicity tests
2.3.1. Dilution preparation
Effluent dilutions were prepared in artificial sea water (Lorenzo et al., 2002),
except for those in the bioluminescence inhibition test, for which a 2% NaCl
solution was used (Microtoxs commercial test kit, Azur Environmental). Dilutions
were expressed as the percentage of effluent, as follows: 0% (control; artificial
seawater only), 5%, 25%, 50%, 75% and 100% (undiluted effluent).
2.3.2. Bioluminescence test with bacteria
The bioluminescence test with the bacterium V. fischeri measures the reduc-
tion in luminescence emitted by the bacteria when exposed to a contaminated
matrix (strain NRRL-B-11177). The Microtoxs commercial test kit (Azur
Environmental, 1998) was used and the protocol was adapted as described by
Hirmann et al. (2007). Three replicates were prepared for each sample, and eight
for the control with the reference solution (2% NaCl). Phenol was used as the
standard to guarantee the validity of each well and the test. Replicates were
considered valid only when coefficients of variation were lower than 15%.
Bioluminescence was measured with a DTX 880 Multidetector after incubation
times of 15 and 30 min. The percentage inhibition of luminescence was defined for
each effluent dilution, as follows: INH (%)¼[(Ic It)/Ic]100, where Ic and It are the
luminescence of the control and the test sample, respectively.
2.3.3. Microalgal growth test
Phaeodactylum tricornutum (AROSA) and Isochrysis aff. galbana (Clon T-ISO)
were obtained from the algae collection belonging to the Department of Micro-
biology and Parasitology (University of Santiago de Compostela). Microalgae were
pre-cultured in sterilized natural seawater enriched with ALGAL medium
(Fabregas et al., 1984) in Erlenmeyer flasks. The flasks were fitted with transpir-
able tops, shaken once a day (to ensure adequate aeration) and maintained at
22 1C under a photoperiod of 16 h of light and 8 h of darkness and irradiated at
160 mEm2 s1. The environmental conditions were in accordance with interna-
tional standards (ISO 10253, 2006) for such tests.
The ALGAL medium was used in the toxicity tests. It was diluted six times in
order to allow a population growth of at least 0.04 h1, according to the ISO
protocol. This would minimize any interference of the medium in the toxicity
values (De Orte et al., 2009). Microalgae were inoculated in diluted media during
exponential growth. All tests were performed in 96 well flat bottom microplates
(Sero-Wel Bibby Sterelin Ltd, Stone, Staffs, UK). The initial cell density in the
microplates was 105 cell mL1 and the plates were maintained under the same
conditions as the pre-cultures. The volume of the test solution was 300 mL.
Reference density measurements were made in a Neubauer chamber in an optical
microscope (OLYMPUS CKX41).
Algae growth was monitored every 24 h for 4 days (96 h) by measuring the
absorbance of the growth medium (450 nm) in a microplate reader (BECKMAN
COULTER DTX 880 multimode detector). Growth inhibition was determined in
each sample by comparing, every 24 h, the cell density with that of the control
samples (three replicates with sterilized natural seawater).
2.3.4. Sea urchin larval development test
Adult sea urchins of both species were collected by scuba diving, in an
intertidal zone at a clean site on the Galician coast. In the laboratory, the
specimens were maintained in aerated pools at 15 1C for acclimation during 10
days. Gametes were obtained by injecting 1 mL of KCl (0.5 M) through the peri-
oral membrane of a pair of adults. In vitro fertilization was conducted following
the methodology described by Fernández and Beiras (2001). Incubation vials of
20 mL volume were filled with the effluent dilution series (Section 2.3.1), in
quadruplicate. Solutions of zinc sulfate and ammonium chloride were used as
standards to verify the validity of the test. Approximately 400 fertilized eggs were
placed in each vial. The vials were incubated for 48 and 72 h at 20 1C for P. lividus
and A. lixula, respectively. After the incubation period, larval development was
stopped and the larvae were fixed by adding a drop of 40% formalin. The salinity
and pH of all samples were adjusted within the optimal range for each species
(Aguirre-Martı́nez et al., 2011). The endpoint measured in each vial was expressed
as the percentage of abnormal larvae. One hundred larvae were counted in an
optical microscope (OLYMPUS CKX41). Abnormal larvae included all pre-larval
stages and larvae that displayed anomalies in shape and skeleton, according to the
skeletal abnormality criteria reported by Carballeira et al. (2010).
2.4. Statistical analysis
2.4.1. Dose–response curves
The Drc Package (Ritz and Streibig, 2005) under R (R Development Core Team,
2008) was used to calculate the dose–response relationships. For each effluent, the
most suitable model was selected from a pool of different parametric models. The
toxic effects were calculated from the model equation and, where possible,
expressed as effective concentrations (EC5, EC10, EC20 and EC50). Confidence
intervals were calculated from the t-distribution and the delta method (asympto-
tic-based estimations).
Differences between dilutions and reference samples were determined for
each effluent by application of a post hoc Dunnett test (ANOVA) under SPSS
software (version 17.0). The no observed effect concentration (NOEC) and lowest
observed effect concentration (LOEC) were determined from the results of these
tests. Dilutions were categorized according to their statistical significance as a
(po0.001), b (po0.01) or c (po0.05).
2.4.2. Minimal biological test battery
The aim of this study was to establish a minimal and relevant biological test
set, and therefore the most sensitive species were chosen. The dilution that best
explained the variability between farms (i.e. the ‘‘preferred dilution’’) was
selected, by ANOVA of the whole data and comparison of pairs of bioassays. The
selection of only one dilution may reduce the cost and time required for
environmental assessment of discharges from the LBMFFs.
The Mann–Whitney U-test and a Student’s t-test were used to compare the
homogeneity of variance in the data for times of exposure (bacteria) and pair of
species (microalgae and sea urchins) in order to test for differences in sensitivity
between species or times. The endpoints at the ‘‘preferred dilution’’ for each pair
of species were determined by nonparametric Kernel density estimation with the
Gaussian function. The most sensitive species from each trophic level were
selected by determining the effective concentrations (from dose–response curves)
and Kernel density functions. For these analyses, the add on MASS package under
Kernel Density Estimation Software (v1.1.23-r6) (Wessa, 2008) and SPSS 17.0 were
used. Differences were considered significant at po0.05.
Once the preferred dilution and most sensitive species were identified, the
endpoints were integrated and represented in a triaxial diagram.
Table 1
Physicochemical characteristics of effluents sampled at the land-based marine fish farms (LBMFFs) under study.
LBMFF Production (t year1) Salinity (gL1) pH O2 (mgL
1) O2 (%) SS (mgL





I 2250 32.4 7.48 8.3 79.6 23 5.64 0.22 0.086 0.190 0.85
II 292 34.7 7.92 8.4 80.1 17 5.35 0.42 0.072 0.200 0.45
III 308 34.8 7.94 8.5 82.2 18 7.05 0.25 0.069 0.192 0.63
IV 1194 34.7 7.63 7.8 79.1 21 8.04 0.29 0.080 0.205 0.78
V 348 34.2 7.80 8.9 87.3 16 6.09 0.24 0.078 0.141 0.56
VI 44 34.5 7.64 8.0 79.5 18 2.36 0.21 0.075 0.536 0.57
VII 285 34.3 7.59 8.2 80.3 14 4.70 0.23 0.066 0.206 1.04
VIII 189 30.3 7.71 7.9 78.4 39 7.56 0.47 0.044 0.287 0.36
Physicochemical characterization included yearly production, effluent salinity, pH, dissolved oxygen (O2), suspended solids (SS), total organic carbon (TOC), phosphates
(PO4), nitrites (NO2), nitrates (NO3) and ammonia (NH3).
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2.5. Potential ecotoxic effects of effluents from LBMFF
The PEEP index developed by Blaise and Férard (2005) provides comprehen-
sive data from biological testing, as such data are normally scattered and difficult
to find. The index enables assessment and comparison of the toxic potential of
wastewater effluents as a single numerical value that integrates both its toxic
potential (determined by a battery of small-scale bioassays representing different
biological levels and types of toxic effects) and its flow. This index is appropriate
for the assessment of effluents from LBMFFs, which have relatively low toxicity.
The PEEP is usually calculated from NOEC and LOEC values, which cannot always
be obtained (Isnard et al., 2001), so that the index was calculated with EC10 and
EC20 values. Toxicological parameters were first transformed into toxic units (TU),
by use of the formula TU¼C/ECx, where C is the maximum effluent concentration









Ti/N)] is the toxic print, [n(
P
Ti/N)Q] is the toxic loading, n is the
number of biotests exhibiting a toxic response, Ti is the number of TU generated by
each biotest (i) at the effluent samples, N is the maximum number of measurable
responses and Q is the effluent flow (m3h1).
3. Results
Performance of the different bioassays was validated according
to standard requirements. The internal quality control data for
phenol are consistent with the recommended EC50 value range of
13.00–26.00 mg L1 (Azur Environmental, 1998), indicating an
adequate physiological state of the tested microorganisms, accord-
ing to the V. fischeri protocol. The growth rate of control specimens
of both species of microalgae tested was within the range required
in the ISO protocol. Both sea urchin species showed less than 10%
of abnormal larvae after exposure to the reference samples and
EC50 values corresponding to the standard solutions were consis-
tent with those reported by Cesar et al. (2004).
Dose–response curves (Figs. 2–4) obtained by parametric
modeling enabled calculation of more than half of the total EC
values (Table 3). The small standard errors associated with the
mean EC values for V. fischeri and sea urchin bioassays confirmed
the low variation in these bioassays and indicated good precision
and consistency. On the contrary, wide confidence intervals were
observed for the microalgal bioassay, especially when P. tricornu-
tum was used and/or when percentages of growth inhibition were
not affected by increasing dilution (e.g. fish farms I, II, IV and VII).
3.1. Bioluminescence inhibition test
The percentage reduction in bioluminescence, measured after
15 and 30 min of exposure, was weakly related to the effluent
dilutions (Fig. 2). Although significant differences (po0.05) from
the control were found at the highest dilutions (5% effluent), the
reduction in bioluminescence remained below 20%, even with
100% of effluent from farms I, VI and VII, and barely surpassed
50% in any case, except for bacteria exposed to effluent V. It was
not possible to calculate the EC5 and the EC50 in many cases, and
the EC50 was often estimated from the model fit (Table 3). The
comparison between EC values measured at 15 and 30 min showed
that the sensitivity of V. fischeri increased with increasing exposure
time, in at least 83% of cases. Nevertheless, these differences were
not significant (p40.05) (Table 4). The highest toxicity, expressed
as the lowest EC10 and EC20 values at 30 min, was observed with
effluents VIII and V, while the lowest toxicity, expressed as the
highest values, was observed with effluents I, IV and VII.
3.2. Microalgal growth test
Microalgal growth tests indicate two types of effects, toxic and























































































































































































































































































































































































































































































































































































































































































































































































































Fig. 2. Dose–response curves obtained with the Vibrio fischeri bioluminescence bioassay for each effluent after incubation times of 15 min (solid line) and 30 min (dashed
line). Significant differences between dilutions and control are indicated as follows: a (po0.001), b (po0.01) and c (po0.05).
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Fig. 3. Dose–response curves obtained for each effluent with the microalga growth test with the species Phaeodactylum tricornutum (solid line) and Isochrysis aff. galbana
(dashed line). Significant differences between dilutions and control are indicated as follows: a (po0.001), b (po0.01) and c (po0.05).




















































































































Fig. 4. Dose–response curves obtained for each effluent with the sea urchin embryo development test with the species Paracentrotus lividus (solid line) and Arbacia lixula
(dashed line). Significant differences between dilutions and the control are indicated as follows: a (po0.001), b (po0.01) and c (po0.05).
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or stimulated (trophic effect). Phaeodactylum tricornutum suffered
toxic effects at the highest dilutions, with growth inhibition of
around 20% or higher relative to the control individuals (I, II, III, IV
and VI) (Fig. 3). Thereafter, growth remained almost constant
(effluents I, II, IV, VII) or increased significantly (po0.05), in some
cases exceeding that of control individuals (effluents V and VIII),
which indicated possible eutrophication. Isochrysis aff. galbana
showed variable responses at the highest dilutions, with growth
ranging between 10% inhibition and 20% increase (Fig. 3). There-
after, growth exhibited significant (po0.05) detrimental effects
(effluents II, III, VI and VII), or increased significantly (effluent
VIII), leading to possible eutrophication. Growth of the macro-
algae remained almost constant only when microalgae were
exposed to effluents I and VII. The low variation in P. tricornutum
growth, along with the effluent dilutions, prevented calculation of
most of the EC values, so they were estimated from the fitted
model. Student’s t tests and Mann–Whitney tests performed to
compare species showed significant differences (po0.05)
(Table 4). Furthermore, species were compared according to the
characteristics of the response. Growth of P. tricornutum was
inhibited at low percentages of effluent, but from a concentration
of 5%, the effluent dilutions barely affected the organisms. On the
contrary, growth of I. galbana varied significantly with increasing
effluent concentrations. The latter species therefore appeared to
be most suitable for explaining the influence of effluent concen-
trations on growth. Effluents III, VI and VII were found to be the
most toxic to the microalgae, exhibiting the lowest EC5, EC10, EC20
and EC50 values, while effluent VIII was found to improve growth.
3.3. Sea urchin embryo development test
Development of both P. lividus and A. lixula was clearly related
to the effluent dilutions: the percentage of abnormal larvae
increased with increasing concentration of effluent, except for P.
lividus exposed to effluent I. The sensitivity to the different
dilutions of effluent enabled calculation of most of the EC values.
Table 3
Serial effective concentrations (ECx) of LBMFF effluents obtained with the bacterial bioluminescence test, the microalgal growth test and the sea urchin embryo
development test.
LBMFF Test species EC5 EC10 EC20 EC50 NOEC LOEC EC10/NOEC
I V. fischeri (15) n.d. 72.65 (79.96) n.d. n.d. 5 25 14.6
V. fischeri (30) n.d. 76.73 (7108.23) 158.82 (7478.85) n.d. 25 50 3.1
P. tricornutum n.d. n.d. n.d. n.d. n.d. 5 n.d.
I. galbana 48 (769.84) 69.18 (799.51) 96.34 (7139.38) 153.94 (7229.85) 25 50 2.8
P. lividus o5 o5 o5 o5 n.d. 5 n.d.
A. lixula 3.98 (70.56) 4.83 (70.6) 6.25 (70.69) 11.32 (71.49) 5 25 1.0
II V. fischeri (15) n.d. n.d. 51.08 (74.23) n.d. n.d. 5 n.d.
V. fischeri (30) n.d. n.d. 50.59 (75.84) n.d. n.d. 5 n.d.
P. tricornutum 1.34E26 (76.28E25) 5.59E15 (715E13) 10.06 (7153.19) n.d. n.d. 5 n.d.
I. galbana 80.97 (7107.79) 91.24 (7133.57) 109.59 (7183.06) 159.61 (7335.6) 75 100 1.2
P. lividus n.d. n.d. 37.59 (n.d.) 49.30 (70.53) 5 25 n.d.
A. lixula 22.79 (70.46) 23.76 (70.29) 25.13 (70.18) 28.69 (70.85) 5 25 4.8
III V. fischeri (15) n.d. 39.36 (72.25) 61.88 (76.05) 177.96 (749.07) n.d. 5 n.d.
V. fischeri (30) n.d. 31.88 (75.91) 61.23 (719.7) 125.83 (762.22) n.d. 5 n.d.
P. tricornutum n.d. n.d. 2.98 (719.14) 3.343 (720.61) 5 25 n.d.
I. galbana 28.62 (740.62) 40.85 (757.04) 62.54 (786.96) 119.6 (7167.64) 25 50 1.6
P. lividus n.d. n.d. 32.89 (76.19) 36.14 (76.16) n.d. 5 n.d.
A. lixula 19.86 (71.77) 21.19 (71.46) 23.15 (71.06) 28.48 (71.71) 5 25 4.2
IV V. fischeri (15) 9.56 (77.87) 37.30 (736.19) 67.63 (770.93) 130.57 (7149.13) n.d. 5 n.d.
V. fischeri (30) n.d. 39.89 (717.15) 67.36 (736.01) 129.67 (788.01) n.d. 5 n.d.
P. tricornutum 3.86E43 (72.17E40) 7.43E01 3.09Eþ 03 (74.35Eþ106) n.d. n.d. 5 n.d.
I. galbana n.d. 13.86 (718.5) n.d. n.d. n.d. 5 n.d.
P. lividus 2.11 (72.31) 4.61 (76.52) 10.36 (718.89) 33.22 (782.24) 5 25 1.0
A. lixula 4.6 (70.83) 5.41 (70.89) 6.75 (70.98) 11.2 (71.57) 5 25 1.0
V V. fischeri (15) 15.877 (72.91) 25.95 (74.93) 42.46 (712.59) 103.91 (757.7) 5 25 5.2
V. fischeri (30) n.d. 24.47 (71.8) 35.12 (72.24) 82.05 (715.72) n.d. 5 n.d.
P. tricornutum n.d. n.d. n.d. n.d. 50 75 n.d.
I. galbana n.d. n.d. n.d. n.d. 5 25 n.d.
P. lividus 4.26 (70.21) 4.82 (70.21) 5.71 (70.24) 8.47 (70.6) n.d. 5 n.d.
A. lixula x x x x x x x
VI V. fischeri (15) 20.42 (73.86) 53.33 (718.81) n.d. n.d. 5 25 10.6
V. fischeri (30) 14.19 (74.27) 32.42 (714.82) n.d. n.d. 5 25 6.4
P. tricornutum n.d. n.d. 5.78 (723.45) 3.18 (720.78) n.d. n.d. n.d.
I. galbana 44.32 (785.24) 51.49 (7107.61) 66.1 (7156.53) 115.72 (7346.53) 25 50 2.1
P. lividus n.d. 28.85 (723.92) 57.09 (717.44) 101.02 (7109.22) 50 75 0.58
A. lixula 21.93 (77.24) 22.62 (75.7) 23.59 (73.45) 26.04 (72.75) n.d. 5 n.d.
VII V. fischeri (15) 43.95 (710.25) 70.83 (748.2) 155.32 (7227.79) n.d. 25 50 2.8
V. fischeri (30) 39.74 (725.52) 75.01 (768.56) 122.7 (7139.71) n.d. n.d. 5 n.d.
P. tricornutum n.d. 38.32 (722.89) n.d. n.d. n.d. n.d. n.d.
I. galbana 14.79 (710.84) 23.85 (720.29) 41.61 (741.52) 103.68 (7129.75) 5 25 4.8
P. lividus n.d. 22.22 (71.16) 25.51 (71.07) 31.09 (71.47) 5 25 4.4
A. lixula 3.94 (71.1) 4.51 (70.54) 5.24 (70.3) 6.76 (72.39) n.d. 5 n.d.
VIII V. fischeri (15) n.d. 47.34 (712.87) 51.26 (76.59) n.d. 25 50 1.9
V. fischeri (30) 15.53 (75.54) 21.94 (75.41) 33.18 (77.73) 150.41 (7126.24) 5 25 4.4
P. tricornutum 5.43 (720.5) 4.35 (717.07) 2.89 (712.14) 0.93 (74.63) 5 25 0.8
I. galbana 5.46 (714.46) 4.27 (712.17) 2.66 (78.63) 0.66 (72.91) n.d. 5 n.d.
P. lividus 0.82 (76.27) 1.11 (77.07) 1.54 (77.66) 2.71 (76.96) n.d. 5 n.d.
A. lixula 4.86 (70.33) 5.1 (70.25) 5.43 (71.1) 6.31 (73.6) n.d. 5 n.d.
Data not available; n.d., not determined.
ECx values with their 95% confidence intervals (7CI), NOEC and LOEC are expressed as effluent percentage.
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Comparison of the ECs of both species did not reveal any
significant differences (po0.05) (Table 4). Nonetheless, A. lixula
showed lower values in 56.5% of the cases, particularly in
parameters EC20 and EC50, which indicated a slightly higher
sensitivity than that shown by P. lividus. The lowest EC values
were observed with effluents I, IV and VIII, and in the case of A.
lixula, also with effluent VII. The highest EC values corresponded
to effluents II and VI.
3.4. Comparison of the sensitivity of the toxicity tests
Sea urchins proved to be the most sensitive organisms when
exposed to discharges from fish farms I, V and VII, regardless of
the EC considered. Effluents II, III, IV and VIII had the greatest
effects on sea urchins and microalgae, depending on the EC
considered. Effluent VI showed similar degrees of toxicity to all
species.
The 5% dilution was found to be the best at explaining the
variability (p¼0.107) among the toxicity of the LBMFF effluents
when the ANOVA analysis included the whole set of data, i.e. all
bioassays (Table 4). Nevertheless, when ANOVA was conducted
separately for each bioassay, the 5% dilution was the only dilution
that did not show significant differences among fish farms
according to the microalgal bioassay. Therefore, considering the
degree of significance explained by each bioassay, the 25%
dilution best explained the differences among the different farms.
Kernel density distribution of inhibition (Fig. 5) demonstrated
that the 30 min V. fischeri assay and the embryo development test
with A. lixula were the most sensitive bioassays for effluent
pollutants when species were exposed to 25% dilution of the
effluents. As regards the microalgae tests, if the highest percen-
tages of growth inhibition had been taken into account, P.
tricornutum would have been considered the most sensitive, but
increasing effluent concentrations did not affect growth of this
microalgae. On the contrary, growth of I. galbana decreased with
increasing effluent concentrations in most cases, so that this
species better explained changes in growth provoked by changes
in effluent concentrations.
3.5. Potential ecotoxic effects
The small number of data obtained using the original formula
with NOEC and LOEC values limited and reduced estimation of the
PEEP values. Therefore, EC10, EC20 were used to calculate the PEEP
index. The toxic units (TU) obtained in each bioassay for each
farm effluent, and the toxic print, the effluent flow, the toxic
loading and the PEEP index values obtained in each LBMFF are
shown in Table 5. In most cases, the TU for EC10 and EC20 were
very similar. The sea urchin and microalgae tests were the main
contributors to the toxic print. The highest toxic prints corre-
sponded to fish farms IV (187.1 TU) and VIII (162.8 TU), with P.
tricornutum and P. lividus providing most of the TU (134.5 and
90.1, respectively). However, the TU values obtained with P.
tricornutum were not reliable because they were extrapolated
from the fitted model.
4. Discussion
As LBMFFs are usually located on highly exposed coasts,
discharged waste is therefore rapidly removed or diluted at a
close distance from the output source. The dispersion capacity of
the environment is difficult to assess since the areas that are
directly affected are not usually very extensive. Several studies
have reported that effluents from fish farms affect the environ-
mental conditions of the water column and the sediment around
the cages, especially in the intensive culture of carnivorous fish,
which require large amounts of manufactured feed (Holmer,
2010). It has been reported that at large spatial and temporal
scales, the effects of fish farms on water quality are not relevant
Table 4
P-values obtained from ANOVA, Mann–Whitney and Student’s t analyses.
All data Bacteria Microalgae Sea urchin
ANOVA
5% 0.107 0.000* 0.247 0.005*
25% 0.128 0.000* 0.000* 0.000*
50% 0.921 0.000* 0.000* 0.029*
75% 0.890 0.000* 0.000* 0.002*
100% 0.732 0.000* 0.000* 0.004*
Mann–Whitney 0.291 0.002** 0.085
Student’s t 0.245 0.024** 0.148
ANOVA was conducted to determine the variability of results at the different
dilutions, using the whole set of results (all data) and results of each toxicity test
(bacteria, microalgae and sea urchin). The preferred dilution is highlighted in gray
color. Mann–Whitney and Student’s t-test were performed to identify significant
differences between exposure times (bacteria test) and species (microalga and sea
urchin tests).
n Significant differences between LBMFFs.
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Fig. 5. Frequency distribution of the results obtained with the 25% dilution of the
effluent, in the bioassays with bacteria (A), microalgae (B) and sea urchins (C),
according to the Kernel estimation with Gaussian basis function.
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(Pitta et al., 2006), because the waste is rapidly diluted. Although
the release of nutrients from fish farms has traditionally been
monitored by measuring physical or chemical variables, this
approach provides little information about environmental quality
if detailed spatio-temporal and expensive sampling is not con-
sidered. In order to improve the methods used for aquaculture
impact monitoring, a biological study of the potential ecotoxico-
logical effects of LBMFFs was carried out, for the first time, by the
application of a selected battery of biotests.
There is no ‘‘most sensitive species’’ because organisms display
different degrees of sensitivity towards substances or their
mixtures (Bakopoulou et al., 2011; Van der Grinten et al., 2010).
However, in this and previous studies (Carballeira et al., 2010), a
sea urchin bioassay in which skeletal deformities are measured
has been found to be an accurate method of determining the
potential toxic effects of LBMFF effluents. The toxic effects of fish
farm sediments have previously been observed in clams and sea
urchins, directly underneath cages (Kullman et al., 2007; Marin
et al., 2007). During the maximum production period (summer) a
toxic response was also registered by the sea urchin bioassay, up
to 125 m from fish cages (Marin et al., 2007).
The Microtoxs bacterial bioluminescence test, used as part of
a battery of bioassays, has long been considered to be extremely
sensitive (Park and Choi, 2008). Moreover, this test has been
successfully developed to test the toxicity of antibiotics (Backhaus
and Grimme, 1999; Isidori et al., 2005; Lalumera et al., 2004), and
organic chemicals (Hernando et al., 2007) used in marine aqua-
culture. However, the present results showed that the Microtoxs
test was the least sensitive bioassay, despite the high precision of
data (small standard deviation). These results are consistent with
those of other toxicity studies (Fernández-Alba et al., 2002;
Macken et al., 2008; Mankiewicz-Boczek et al., 2008; Schipper
et al., 2010). V. fischeri has been found to present low sensitivity
when exposed to compounds as the antibiotics oxytetracycline
(Isidori et al., 2005; Lalumera et al.; 2004; Park and Choi, 2008),
amoxicillin (Park and Choi, 2008) and ampicillin (Backhaus and
Grimme, 1999; Chi, 2009; Park and Choi, 2008), and metals
(Petala et al., 2005). The aforementioned antibiotics are com-
monly used to treat diseases in diverse farmed fish species
(Lalumera et al., 2004), while several metals have been found to
be trace components of fish feed (Ikem and Egilla, 2008) and main
components of widespread biocides (Braithwaite and McEvoy,
2004). A decrease in the bacteria sensitivity has also been
reported when increasing the complexity of the composition of
the aqueous solution that was tested, by including different
organic and inorganic compounds as insecticides, herbicides or
pharmaceuticals (Codina et al., 1993; Munkittrick et al., 1991).
Substances with delayed toxicity may show low or no toxicity in
the standardized short term bioluminescence bioassay (30 min);
however, long-term bioassays may help to overcome these
limitations (Backhaus and Grimme, 1999; Froehner et al., 2000;
Wang et al., 2009). The increase of the exposure time in the
Microtoxs test may lead to a greater sensitivity, as it was reported
for oxytetracycline (Park and Choi, 2008), for formaldehyde (Chou
and Que Hee, 1992) and for several metals (Petala et al., 2005) and
wastewaters enriched with metals (Choi and Meier, 2001).
Microalgae have been found to be sensitive to a variety of
contaminants associated with aquaculture activities. Muñoz et al.
(2010) reviewed the toxicity of aquaculture micropollutants and
found that microalgae were the most sensitive organisms in a
battery of bioassays that included fish and crustaceans. Similarly,
Fernández-Alba et al. (2002) found that microalgae were the most
sensitive organisms against a series of antifoulants in a battery of
bioassays that included bacteria and crustacean. Källqvist and
Svenson (2003) reported high sensitivity of microalgae to ammo-
nia. This (i) supported our decision of selecting microalgae as test
organisms for the assessment of aquaculture effluents, and (ii)
agreed with our results, which exhibited high sensitivity of
microalgae to LBMFF effluents, which may contain a mixture of
some of the contaminants evaluated by the afore mentioned
authors. The results obtained with microalgae in the present
work showed two types of responses with particular gradients:
growth inhibition (toxic response) and growth stimulation
(trophic response). In general, P. tricornutum showed a flat
response in relation to discharge dilution, whereas I. galbana
showed a toxic-trophic gradient in relation to dilution. Growth
responses derived from the exposure to the LBMFF effluents were
likely to vary according to specific contaminant mixtures, result-
ing from the balance of contaminants and nutrients (specially N)
contained in the effluents. Algae are known to be saturated of
nutrients (with the maximum growth at a specific temperature)
when exposed to natural seawater from Galicia coast (Villares and
Carballeira, 2004, 2006). Because this test was performed using
Galician natural seawater, microalgae nutrient saturation was
probably 100% regardless the dilution. Thus, at high dilutions (e.g.
5%, 10%), the 100% nutrient saturation and the low toxicity of the
highly diluted effluents might have led to growth stimulation.
However, at lower effluent dilutions, nutrient saturation might
have remained at 100%, but toxicity increased leading to growth
inhibition. In this manner the lower the dilution of the effluent,
the greater the toxicity.
Since urban and industrial sewage waters contain large
amounts of organic matter, disinfectants and antibiotics, the
characteristics of aquaculture effluents and potentially additive
Table 5
Toxic units, toxic print, effluent flow (Q), toxic load and PEEP index values obtained from the results of the different bioassays for each fish farm effluent, according to the
EC10/EC20 values.
Toxic Units Toxic print Q (m3h1) Toxic load PEEP index
Decomposer Primary producer Primary consumer
V. fischeri, 15 min V. fischeri, 30 min P. tricornutum I. galbana P. lividus A. lixula
LBMFF I 1.4/x 1.3/0.6 x/x 1.4/1.0 20.0/20.0 20.7/16.0 37.4/25.1 45,014 1,681,628/1130,384 6.2/6.1
II x/2.0 x/2.0 x/9.9 1.1/0.9 x/2.7 4.2/4.0 1.8/21.4 5842 10,331/125,186 4.0/5.1
III 2.5/1.6 3.1/1.6 x/33.6 2.4/1.6 x/3.0 4.7/4.3 8.6/45.8 6160 52,748/281,915 4.7/5.5
IV 2.7/1.5 2.5/1.5 134.5/x 7.2/x 21.7/9.7 18.5/14.8 187.1/18.3 23,311 4,361,534/426,296 6.6/5.6
V 3.8/2.4 4.1/2.8 x/x x/x 20.7/17.5 –/– 17.2/13.6 6963 119,860/94,910 5.1/5.0
VI 1.9/x 3.1/x x/17.3 1.9/1.5 3.5/1.8 4.4/4.2 12.3/16.5 872 10,751/14,426 4.0/4.2
VII 1.4/0.6 1.3/0.8 2.6/x 4.2/2.4 4.5/3.9 22.2/19.1 36.2/22.4 5690 206,112/127,400 5.3/5.1
VIII 2.1/2.0 4.5/3.0 22.9/34.6 23.4/37.6 90.1/64.9 19.6/18.4 162.8/160.5 1020 166,130/163,819 5.2/5.2
Mean 48.5/40.5 11,859 826,137/295,542 5.2/5.2
x, toxicity value not detected in the bioassay; –, data not available.
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effects may be compared with those of the aforementioned
sewage waters. Bacteria, microalgae and invertebrates are the
organisms most commonly used to monitor the toxicity of
municipal wastewaters (Moreno-Garrido, 2008; Radjenovic
et al., 2009). In general, V. fischeri has been found to be more
sensitive than algae in tests of the toxicity of sewage waters of
different origin (Pandard et al., 2006). In most studies with
industrial waste, the Microtoxs test has been reported to be
more sensitive to contamination than tests with microalgae and
small crustaceans (Kungolos et al., 2009; Macken et al., 2008; Roig
et al., 2011). Nevertheless, it should be borne in mind that the
toxicity of numerous chemicals (metals, hydrocarbons, biocides
and pesticides) decreases with increasing salinity (Hall and
Anderson, 1995; Latala et al., 2010) and that organisms from
the same trophic level may show different responses.
The validity of the proposed method of assessing the impact of
LBMFFs on the environment, which included three tests with
species from different trophic levels, has been demonstrated.
Nevertheless we believe that the efficacy of the recommended
test battery would be improved by using specific contaminants
present in the fish farm effluents (i.e. disinfectants, antibiotics,
ammonia, etc.—both isolated and in mixtures) and by studying
the interactions between these substances and environmental
factors (Nendza, 2002). In fact, we have recently used the
bioassays described in this work with several of these products
(Carballeira et al., Submitted-a; De Orte et al., 2009; Viana et al.,
Submitted), in order to characterize the response of the different
species to particular pollutants and mixtures of pollutants. High
concentrations of ammonia may have explained the results of the
sea urchin test, as P. lividus has been shown to be very sensitive to
this substance (Arizzi Novelli et al., 2003; Carballeira et al.,
Submitted-a; Garmendia et al., 2009). However, in this bioassay
there was no clear correlation between the toxicity of the effluent
and levels of ammonia. However, this is perhaps not surprising
because LBMFF effluents are complex mixtures of different types
of pollutants, the effects of which may interfere with each other.
ANOVA (Dunnett test) has been widely used to calculate NOEC
and LOEC values from the toxic effect data. However, the reliability
and accuracy of these toxicological parameters strongly depend on
the concentrations tested and the number of replicates used
(Chapman et al., 1996; Isidori et al., 2005). An alternative proce-
dure is the estimation of ECx values by regression analysis. The EC50
is regarded as the most robust endpoint in toxicological studies.
However, the LBMFF produced effluents of generally low toxicity,
which prevents calculation of EC50 in many cases. Moreover, the
EC50 may not be considered a protective criteria from an ecological
perspective. The NOEC indicated imprecise inhibition, which varied
between 5% and 30% with respect to the control. The EC10/NOEC
ratios from different tests have been found to be higher than one
(around 1.3) (Isnard et al., 2001; Shieh et al., 2001), whereas the
present results showed that most of the EC10/NOEC values (when
able to be calculated) varied widely, between 1 and 15. Further-
more, the EC10 has the disadvantage of being more imprecise
because the accuracy of the regression models decreases in the low
effect zone (Isnard et al., 2001; Shieh et al., 2001; Sbrilli et al.,
2005). In this work, the PEEP index was calculated by using both
EC10 and EC20 (Table 5). Broadly, the classification of the potential
toxicity of the farms using the EC10 and using the EC20 were
similar. They agreed on the higher toxic potential of farms I and IV,
and in the lower toxic potential of farms II and VI. Moreover, the
confidence intervals were similar for both EC10 and EC20. Never-
theless, it has been previously reported in various ecotoxicity
guidelines and research works that EC20 is often more statistically
robust and precise than EC10 (Environment Agency of England and
Wales, 2006; OECD, 2007; Boeije et al., 2006), because the lower
the effect zone, the larger the confidence intervals appeared to be
(Isnard et al., 2001; Shieh et al., 2001; Sbrilli et al., 2005).
Furthermore, while several drawbacks on the use of EC10 were
found in literature (in comparison with NOEC or EC20), we could
not find objections to the use of EC20. Therefore, EC20 appeared to
be more realistic and statistically more robust than EC10, and
represented a permissible degree of inhibition. In consequence,
EC20 was recommended for calculation of the PEEP index.
The TU derived from EC20 confirmed the higher sensitivity of
the sea urchin in assessing the effluent toxicity of the LBMFFs. The
toxic print correctly integrated the potential toxicity of the
effluent, particularly from farms III and VIII. However, the highest
PEEP index values corresponded to farms I (6.05) and IV (5.63),
because of the higher flow rates at these sites. The PEEP values
were therefore similar to the highest values (ranging between
0.78 and 7.6) obtained for industries that discharge potentially
more toxic substances (i.e. inorganic and organic chemical pro-
duction plants, pulp and paper mills and municipal incinerators)
(Blaise and Férard, 2005). The toxic loading is considered to be a
valuable tool for inclusion within Ecological Risk Assessment
because it combines the toxicity and the volume of waste
discharged. However, the dispersive capacity of the receiving
environment must also be taken into account. The dispersive
capacity of a coastal environment is difficult to estimate because
it depends on the interaction between numerous factors such as
the direction of the current and velocity at different depths, the
intensity and frequency of the waves, the topography and
exposure to prevailing winds. One possible way of evaluating
waste dispersion is to determine the d15N of macroalgae at the
area of influence of the LBMFFs, since this has already been
reported to be a valuable descriptor of the dispersive capacity of
the environment (Carballeira et al., Submitted-b).
The bioassay results obtained with the 25% effluent dilution,
which explained the highest variability between LBMFFs, were
graphically summarized using a triaxial diagram. This representa-
tion provided a global view of the results, making the differences
amongst farm effluent toxicities more evident. The endpoints for
the most sensitive species (V. fischeri 30 min, I. galbana and A.
lixula) were considered (Fig. 6). Average values from all LBMFFs
were represented as a dashed line together with the standard
deviation. The values obtained in the P. lividus bioassay were used
in the sea urchin axis in the triaxial diagram for fish farm V
because of the lack of data for A. lixula and because there were no
significant differences between the sensitivity of larvae of either
species, in any case. This diagram provided an easy and integra-
tive interpretation of the toxicity of each farm effluent. This
integrative method revealed the higher sensitivity of the sea
urchin bioassay and showed that effluents from fish farms II
and VI were the least toxic, while the effluent from farm VIII was
the most toxic, probably because of the higher concentration of
contaminants originating from several water depuration treat-
ments used on this farm. The graphical representation agreed
with the classification based on the PEEP index on considering
effluents II and VI the less potentially toxic. However, a lack of
agreement was found when determining the most potentially
toxic effluent, since the graphical representation did not take into
account the effluent flow. The determination of the concentration
with which differences amongst farms are greater (25% dilution in
this particular case) can be used as a preliminary approach to the
assessment of effluent toxicity and can included in LBMFF
monitoring plans for effluent screening.
5. Conclusions
The present study is the first research work aiming the
evaluation of the toxicity of effluents from LBMFFs. Specifically,
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the effluents of 8 LBMFFs (20.5% of the total number of LBMFFs in
Spain) were assessed. Although official data about the use of
chemicals in the farms were not available, they were expected not
to present significant disparities amongst each other nor in
comparison with other LBMFFs located in different regions of
the world, because all LBMFFs have the same chemical require-
ment (e.g. facilities cleaning and disinfection, and diseases pre-
vention and treatment), use similar fish feed and they all generate
the same types of residues (feces, urine, rests of feed, dissolved
chemical products). Nevertheless, differences can be found in the
concrete chemicals used and in the effluent flow. In this sense, the
fact of studying 8 LBMFFs that grow different fish species, and
have different level of production and different effluent flow,
covered a wide spectrum of farms, providing validity and repre-
sentativeness to the methodology used. Nevertheless, it was not
possible to compare the effectiveness of this methodology with
others nor with studies conducted in other regions of the world
because, to date, similar works have not been performed.
A battery of standardized toxicity tests including at least one
species of bacteria (long exposure V. fischeri), one species of
microalgae (I. galbana) and one invertebrate species (A. lixula) is
recommended for assessment of the environmental impact of
LBMFF effluents. This battery of tests enables cost-effective
ecotoxicological monitoring by the detection and characterization
of the toxic effects of such effluents.
EC20 values were found to be more useful than EC50 values for
comparing the toxic effects of LBMFFs. The PEEP index calculated
from the EC20 values distinguished the level of toxicity of LBMFF
effluents, which generally have low toxic potential. This index is
easy to use and interpret and is a cost-effective tool for determin-
ing the potential toxic loading of effluent, and so may improve
environmental risk assessment studies. The data described may
aid in future management decisions for land-based aquaculture
and contribute to new efforts being made within programs such
as the WFD (Water Framework Directive).
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a b s t r a c t
Histopathological alterations can indicate time-integrated impacts on organisms stemming from altera-
tions at lower biological organisation levels. Long-term (native mussels) and short-term (transplanted
clams) changes in the tissues of molluscs exposed to the effluents from two land-based marine fish farms
(LBMFFs) were determined. Histological alterations were related to the d15N isotopic signal measured in
mussels and macroalgae.
Effluents from LBMFFs were found to cause severe and moderate gill filament exfoliation in clams and
mussels, respectively. Some transplanted clams showed severe degrees of hemocytic phagocytosis in
gonads and connective tissue. In an attempt to semi-quantitatively summarize the observed histopathol-
ogical alterations, a weighted index of damage (WID) was calculated for each type of alteration, species
and sampling site. The WID was clearly related to the d15N descriptor of exposure. Further studies aimed
at standardizing this relationship may establish critical thresholds of the descriptor for its implementa-
tion within environmental monitoring plans for LBMFFs.
 2011 Elsevier Ltd. All rights reserved.
1. Introduction
Worldwide development of pisciculture has been possible due
to improvements in feed, methods and structures, increased
knowledge of farmed species and the increased international de-
mand for fish (Read and Fernandes, 2003).
The use of anaesthetics, antibacterial, antiseptic and antipara-
sitic agents as well as anti-fouling, cleaning and disinfection prod-
ucts is necessary in aquaculture facilities, in order to maintain and
guarantee a certain level of aquatic production (Burridge et al.,
2010; Costello et al., 2001; Douet et al., 2009). The biocides and
metabolic wastes from fish farm effluents may alter the species
and communities in the receiving environment.
Bivalve molluscs, such as clams and mussels, may be affected by
this type of waste. These filter feeders are widely distributed and
abundant, they tend to bioaccumulate pollutants and are sedentary
and easy to sample. These characteristics make them valuable sen-
tinels in pollution monitoring programmes for studying the health
of coastal and estuarine environments (e.g. The Mussel Watch Pro-
gramme; Goldberg, 1986)).
The presence of contaminants can alter bivalve molluscs from
biochemical to physiological level. Such alterations can be mea-
sured as exposure and effect biomarkers (Huggett, 1992; Ramos-
Gómez et al., 2011). Sublethal responses are more sensitive than
lethal measurements, and may enable identification of the real ex-
tent of environmental impacts (Riba et al., 2004).
Studies of histocytopathological alterations in target tissues of
bivalves have been recommended as biomarkers in marine pollu-
tion biomonitoring. These alterations are sensitive to a wide range
of contaminants (Au, 2004), and they indicate the status of target
tissues, providing a general view of the damage received by mol-
luscs. Analysis of histopathological alterations in the tissues of na-
tive mussels (Aarab et al., 2008; Wedderburn et al., 2000) and
transplanted clams (Morales-Caselles et al., 2008; Nasci et al.,
1999) are of increasing interest in marine pollution monitoring
because of their sensitivity, availability and commercial relevance.
The histopathological analysis has shown to be a good method
for in situ assessment of toxic effects in the short and long term
(Handy et al., 2002; Morales-Caselles et al., 2008; Watermann
et al., 2008).
The gills and the digestive gland of bivalves play an important
role in food collection, absorption and digestion, and they are
directly exposed to environmental contaminants. Gills filter water
in order to obtain nutrients, and so are in continuous contact with
water pollutants. The digestive gland of molluscs is the main
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centre for metabolic regulation. It participates in the mechanisms
of immune defence and homeostatic regulation of the internal
medium, as well as in the processes of detoxification and elimina-
tion of xenobiotics (Moore and Icarus Allen, 2002). Exposure to
contaminants may cause cell damage. In the case of gills, epithelial
cells may disappear, while hemocytic phagocytosis may occur in
both organs, as well as in the kidney, gonad and somatic tissues.
The loss of epithelial cells and hemocytic phagocytosis may lead
to tissue dysfunction and have detrimental effects on the individ-
ual health status.
Several authors have described the degree of exposure to organ-
ic pollution by analysing the stable isotopic ratio of nitrogen (d15N)
in organisms. Nitrogen has two stable isotopes, a light isotope, 14N,
and a heavier isotope, 15N, which occur in a constant proportion in
the atmosphere (99.635% and 0.365%, respectively) (Nier, 1950).
Isotopic abundance is reported on a delta scale (d), which indicates
the deviation (expressed in ‰) of the isotopic composition of a
sample from an internationally accepted standard: the air (Robin-
son, 2001). The anthropogenic input of N alters the background
levels of d15N in marine systems (Heaton, 1986), and therefore
d15N can be used to trace and quantify organic contamination from
aquaculture activities (Dolenec et al., 2006; García-Sanz et al.,
2010).
The inorganic nitrogen in the water is ingested (animals) or ab-
sorbed (primary producers), accumulated and immobilized in tis-
sues of aquatic organisms in the vicinity of the farm. This
enables integration of the d15N source signal over time (Costanzo
et al., 2001; Lobban and Harrison, 1994; McClelland et al., 1997;
Vosz and Struck, 1997). The ratio of d15N is temporally stable in
natural conditions, and variations in the isotopic signal are mainly
due to the influence of human activities (Savage and Elmgren,
2004). At present, the isotopic signal from the tissues of some spe-
cies of molluscs and macroalga are well known (Costanzo et al.,
2001; Deutsch and Voss, 2006; Mazzola and Sarà, 2001; Oevelen
et al., 2009; Riera et al., 2000; Sará, 2006; Savage, 2005; Savage
and Elmgren, 2004; Tewfik et al., 2005; Viana et al., 2011; Vizzini
and Mazzola, 2004). For this reason, both native and transplanted
molluscs and macroalgae have been used as biomonitors in differ-
ent polluted environments affected by organic contamination from
land based marine fish farms (LBMFFs). However, although the
d15N in native organisms is a good descriptor of exposure to dis-
charges from LBMFFs, the relations between descriptor values
and effect on the target organisms must be established in order
to estimate the real impact.
The objectives of this study were: (1) to determine histopathol-
ogical alterations in tissues of two mollusc species after long-term
exposure (native mussels) and short-term exposure (transplanted
clams) to effluents from LBMFFs, in comparison with the selected
reference histological parameters; (2) to evaluate the suitability
of the histopathological measurements in both native mussels
and transplanted clams as monitoring tools, according to the sever-
ity of the histological alterations and the maximum distance at
which these alterations were observed; (3) to observe the relation-
ship between histological alterations and the isotopic signal d15N
in native organisms (mussels and macroalgae) for further use in
monitoring the potential impact of effluents from LBMFFs.
2. Material and methods
2.1. Transfer and sampling
The study was performed in two areas of the Galician Coast
(NW Spain) in July 2008. Two turbot (Psetta maxima) LBMFFs were
selected. These farms are located at Lira, A Coruña (annual produc-
tion of 1194 ty1), and Xove, Lugo (2250 ty1). There are no other
close sources of organic pollution at either site, but the hydrody-
namic characteristics are different. Five sampling sites (SS) were
established at each fish farm site, along a non-linear gradient start-
ing at the emission point and moving further away in the direction
of the main current to a distance where farm effects were negligi-
ble (SS E or reference site) (Fig. 1).
The clam Venerupis pullastra Montagu, 1803 and the mussel
Mytillus galloprovincialis Lamarck, 1819 were chosen for the study
because of their ecological and commercial relevance in the
Galician coast. Mussels are abundant on the characteristic rocky
substrate of the study areas and easy to sample. Conversely, the
habitat of clams is the sandy mud bottom of the rias, therefore,
they are not present in the study sites. For this reason, transplan-
tation methods were required.
Clams are considered useful within integrated multitrophic
aquaculture systems, in fact, their suitability has already been
studied with effluents of this particular type of aquaculture (Jara-
Jara et al., 1997). However, organism suitability was assessed using
growth, survival and biochemical composition, but biomarkers of
effect were not considered. The use of clams in this work may pro-
vide new information about the adequacy of these organisms in
multitrophic systems.
The use of two species and two experimental approaches allows
encompassing a wider variety of interactions between biota and
contaminants and provides a more precise assessment of the
LBMFF impact.
Clams (35–40 mm shell length) were collected from a clean site
located in the Ria de Muros-Noia and depurated for 7 days with
clean natural sea water. A group of clams (n = 30) was used as ref-
erence. The other specimens were placed in cages (n = 30) and the
cages were transferred to the different SS and kept there for
45 days.
Native mussels (75–80 mm shell length) were collected at all
SS. Different species of macroalgae were also collected at Xove
(Fucus vesiculosus L.) and Lira (Codium tomentosum Stackhouse,
1797). Sampling was carried out at low tide in the mesolittoral
zone. Each site included 20 m of coastline where at least 30 mus-
sels and 30 specimens of macroalgae (adhered to substrate) were
collected systematically, following a zigzag line, with the aim of
covering the degree of variability in the interindividual
concentrations.
Once the exposure period for clams was completed, and mus-
sels and macroalgae were harvested, the organisms were trans-
ported to the laboratory under controlled conditions (4 C).
Macroalgae were previously washed in situ with seawater and
combined to make a composite sample at each SS. In the labora-
tory, clams and mussels assigned for histopathological determina-
tions were immediately dissected. Macroalgae and mussels
assigned for d15N analysis were processed for isotopic analysis.
2.2. Biomarkers of effect: assessment of histopathological alterations
The histopathological changes were studied in 10 randomly se-
lected specimens of clams and mussels collected at each site. Gills
were surgically removed from live specimens, and together with
the rest of the soma, except the foot, were immediately fixed in
Bouin’s fixative for 1 h (gills) and 2 h (soma). Samples were then
washed immediately with ethanol (70%) to remove all the fixative.
The preparation process was carried out according to standard
methods for bivalve molluscs (Howard et al., 2004). After dehydra-
tion in graded concentrations of ethanol, the samples were rinsed
with xylene, impregnated and embedded in paraffin. Six histolog-
ical sections of 3 lm were cut every 30 lm with a rotation micro-
tome (Microm HM 360), and prepared for each specimen and
region. Sections were stained with trichrome dye according to
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Wheatley (1951), and were examined by light microscopy (Olym-
pus BX-50 equipped with plan apochromatic objectives).
A set of measurements on the reference organisms and on those
from the SS was performed to ensure consistency of results before
ranking the histopathological alterations. Tissue damage in clams
and mussels was quantified by counting the frequency of each
alteration detected. The histopathological alterations were semi-
quantitatively evaluated by ranking the severity of lesions in spec-
imens as follows: 0 (none), 1 (slight), 2 (moderate) and 3 (severe)
(Martín-Díaz et al., 2008; Riba et al., 2004). A general index of dam-
age for each tissue (weighted index of damage, WID) was then cal-
culated for each type of alteration, species and SS, with the aim of
quantitatively summarizing the observed histological changes. The
WID weights the degree of alteration by the frequency (%) ob-
served in 10 individuals of a species from each SS, as follows:
WID=[0  % Not altered + 1  % Slight Alteration + 2  % Moderate
Alt. + 3  % Severe Alt.]/100. The WID for each type of histological
damage of sites ranges from 0 (no damage was found in any indi-
vidual) to 3 (when 100% of individuals had severe damage).
2.3. Stable isotope analysis (d15N)
Ten randomly selected specimens of macroalgae and mussels
were processed for isotopic analysis. Macroalgae were washed sev-
eral times with abundant filtered seawater in order to remove, as
efficiently as possible, any sediment and epiphytes. Old and dam-
aged parts of the algae were discarded, and distal shoots (3 cm)
were separated with a glass spatula to determine the isotopic con-
centrations. The mussel bodies were also separated from the shell
and washed with filtered seawater to remove sediment. All sam-
ples of macroalgae and mussels were homogenized in a laboratory
blender (Waring Blender 34BL99). The material was then dried at
45 C in a forced air oven and homogenized once again in an ultra-
centrifugal mill (Retsch ZM 100). Dry samples were stored at room
temperature in glass vessels.
Aliquots (3 mg) of the dry samples of mussels and macroalgae
were weighed out and packed in tin capsules. The capsules were
stored in a desiccator until d15N analysis (carried out in the UTIA,
University of A Coruña). The samples were combusted in an ele-
mental analyser (FlashEA1112: ThermoFinnigan) coupled to an
isotopic ratio mass spectrometer (Deltaplus: ThermoFinnigan).
Acetanilide was used as the reference standard for quantifying
the nitrogen content. Calibration of the reference gas for atmo-
spheric 15N was carried out with IAEA-N-1 ((NH4)2SO4), IAEA-N-2
((NH4)2SO4) and IAEA-NO-3 (KNO3) as standards. The isotopic ra-
tios (15N/14N) in the samples were compared with the standard
(atmospheric N2), so that comparable proportions were obtained.
The relative abundance of 15N in the sample (d15N) was calculated
from the formula: d15N (‰) = [(Rsample/Rstandard)  1]103, where R
is the 15N/14N ratio. The overall error was determined by use of
analytical replicates. This constitutes a measure of precision as it
is the coefficient between the standard deviation of the replicates
and the number of replicates. The overall error of the replicates
of 30 samples was 2%.
3. Results
3.1. Biomarkers of effect: histopathology
Transplanted clams at SS A (closest SS to the output channel)
from Lira and Xove disappeared before sampling.
Two types of histopathological alterations were observed: bran-



































Fig. 1. Map of Spain showing the location of Galicia (NW Spain) and both fish farms, I: Lira, A Coruña and II: Xove, Lugo. Sampling sites (SS) are shown in the enlarged maps,
and are designated from A to E according to the distance from the source of contamination. The arrows indicate the input (grey) and the output (black) of water in the land-
based marine fish farms (hatched area).
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frequency of individuals affected by different degrees of distur-
bances are shown in Table 1.
The histopathological results showed no alterations in the mus-
sels located at distant SS (E), and in clams before being trans-
planted or after exposure at SS E. None of the alterations
previously mentioned were found in the digestive system or the
kidney.
Slight, moderate and intensely stripped gills were observed in
clams (Fig. 2A–D). Clams showing branchial exfoliation (Fig. 2B)
were found as far as 400 m away (SS D) from the output, at both
farms,whereas other organs and tissues did not showany alteration.
At Xove, transplanted clams showed severe branchial exfoliation
(Fig. 2C and D) at SS B, moderate at SS C and slight at SS D (Fig. 2B).
Mussels rarely showed intense branchial exfoliation (Fig. 2E and
F). Moderate and slight branchial exfoliation was observed in na-
tive mussels from Lira collected from SS A and B, respectively.
Slight branchial exfoliation of native mussels was found at Xove
(SS A, B and C).
Hemocytic phagocytosis (intense formation of clusters of phag-
ocytic hemocytes) was found in gonadal follicles (Fig. 3A), gono-
ducts (Fig. 3B and C) and somatic tissue (Fig. 3D–F) from
transplanted clams at Xove. Hemocytic phagocytosis in these
clams even appeared at SS D and was severe at SS B.
In general, molluscs at the most exposed SS displayed intense
exfoliation of ciliated epithelial cells and caliciform cells from the
gill filaments.
3.2. Stable isotope analysis (d15N)
The values of d15N in mussel and macroalgae collected at the
different SS in the surroundings of the LBMFFs are shown in Table
2. The SS are ordered from A to E, according to increasing distance
from the output (Fig. 4). Enrichment of d15N in organisms was ob-
served at both fish farms, with decreasing distance from the emis-
sion points. Higher values of d15N were observed at Xove, probably
because of a higher load of effluents combined with a lower rate of
water renewal.
3.3. Relating 15N in macroalgae and biomarkers of effect in molluscs
The weighted index of histological damage (WID) observed in
clams and mussels from each farm varied with the isotopic signal
Fig. 2. Histopathological alterations in gills of clams and mussels. (A) Normal clam: the gill filaments have the normal density of ciliated epithelial cells; (B) slight alteration
in clam: some of the branchial filaments are bare because of desquamation of ciliated epithelial cells and caliciform cells. The distal region of the filaments shows only the
skeleton of collagen fibres, at the site of exfoliated epithelium; (C) severe alteration in clam: all branchial filaments are bare due to epithelial exfoliation; (D) magnification of
severe histopathological alteration in clam: skeleton of collagen fibres without branchial epithelium; (E) severe alteration in mussel: branchial filaments are bare; (F)
magnification of severe alteration in mussel: skeleton of collagen fibres without branchial epithelium. [NF: normal filament; SF: stripped filament].
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(d15N) determined in mussels and macroalgae (Fig. 4). A pollution
gradient was observed at both LBMFFs, but the changes in histopa-
thological effects were different for each biomarker and scenario.
Moderate and severe branchial exfoliation of clams and mussels
started at lower values of d15N at Lira than at Xove, but changes
in this alteration were later more pronounced at Xove (Fig. 4). His-
topathological alterations were correlated with lower d15N values
in mussel than in macroalgae (Fig. 4). Only clams from Xove were
affected by hemocytic phagocytosis and this alteration followed
the same trend as branchial exfoliation in clams.
4. Discussion
4.1. Biomarkers of effects: histopathology
Most of the effects observed in this study can also be found in
different species of marine molluscs exposed to different inorganic
and organic contaminants, parasitic or infectious diseases, nutri-
tional stress or physicochemical disorders (Aarab et al., 2008;
Morales-Caselles et al., 2008; Rodríguez de la Rua et al., 2005).
Epithelial exfoliation and hemocytic phagocytosis may greatly
compromise reproduction and survival of molluscs in the short
and mid-term.
The severe epithelial exfoliation of the gill filaments of some
individuals will lead, in the short term, to difficulties in filtering
food, and in the mid term, to breathing problems, seriously com-
promising survival of the animals. Likewise, the lack of mucus
needed for filtration and ingestion of food particles is provoked
by loss of caliciform cells. On the other hand, the high maintained
energy costs, derived from hemocytic phagocytosis, together with
the formation of clusters will provoke, in the mid-long term, a
decline in gonadal development and animal growth (Barber and
Blake, 1981; Delaporte et al., 2006; Griffiths and King, 1979).
There are two sources of phagocytosis: (1) exogenous phagocy-
tosis, when animals are exposed to particulate pollution and (2)
endogenous phagocytosis from altered tissue material. These pro-
cesses are irreversible. The hemocytes involved in phagocytosis
do not recover, so the animal must continue producing them to
maintain the hemocyte defence barrier (Donaghy et al., 2009). This
defensive structure is developed as a consequence of other hard
Fig. 3. Hemocytic phagocytosis in clam. (A) Hemocytic phagocytosis in gonadal follicle (without sexual cells) with an abnormal large cluster of hemocytes within the follicle.
The cytoplasm of hemocytes is densely filled with yellow phagocytized material; (B) hemocytic phagocytosis inside a gonoduct with clusters of hemocytes and yellow
phagocytized material; (C) hemocytic phagocytosis inside another gonoduct with two clusters; (D) hemocytic phagocytosis in somatic connective tissue; (E) cluster from
connective somatic tissue with a high density of hemocytes and phagocytized material; (F) free hemocytes, with no phagocytic material, in the somatic connective tissue. [CT:
somatic connective tissue; G: gonad follicle; H: hemocytes; N: hemocyte nucleus; VC: vesicular cells of the connective somatic tissue].
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tissue changes that are indicated by molecular biomarkers (Aarab
et al., 2008; Jenny et al., 2002; Morales-Caselles et al., 2008).
Transplanted clams exhibited more severe lesions than native
mussels, and these injuries were observed at a greater distance
from the farm output than those recorded in native mussels. There-
fore, this methodology appeared to be more sensitive than the use
of native mussels when assessing the impact of LBMFFs.
Significant physiological differences have been found amongst
bivalve species, which may determine their particular sensitivity
to the effects of environmental contaminants. Differences in the fil-
tration rates, the diet (Riisgaard, 1988), the particle retention effi-
ciency (Winter, 1978), the capacity to accumulate xenobiotics
(Baudrimont et al., 2005; De Luca-Abbott et al., 2005; Im et al.,
2004), the contaminant detoxification, the storing estrategies
(Pellerin and Amiard, 2009) and the ability to repair damages, leads
to a distinct vulnerability and different levels of exposure to dis-
solved or adsorbed contaminants. Besides, mussels filtered accord-
ing to the tidal dynamics, while transplanted clams are submerged
the whole day. This may have intensified the clam exposure to the
potentially contaminated water. Native mussels had been chroni-
cally exposed to water affected by the fish farm discharges, there-
fore, they may have developed adaptation mechanisms against
pollution. Transplantation approaches have been found to be more
sensitive than native biota studies because they discard the phe-
nomena of adaptation, which are translated into sublethal chronic
pollution levels (Da Ros and Nesto, 2005).
4.2. Linking 15N and biomarkers of effect in molluscs
In situ measures of effects represent an important line of evi-
dence in ecological risk assessment (Baird et al., 2007; Crane
et al., 2007). The application of toxicity bioassays under field con-
ditions has been proposed by many authors in order to assess re-
sponses in aquatic populations under realistic environmental
conditions (Martín-Díaz, 2004; McCarthy and Shugart, 1990).
However, field experiments are expensive and the results are diffi-
cult to interpret because of the complexity and fluctuations in
environmental interactions, which may alter the toxicity (Crane
et al., 2007). Both farms breed and fatten turbot with the same
feed, and should therefore discharge similar metabolic wastes.
However, other products may differ, for example those used for
disease prevention and disinfection. Rey-Asensio et al. (2010) stud-
ied pollution from four LBMFFs (including Lira) by biomonitoring
the area of influence with native organisms (F. vesiculosus,
C. tomentosum, M. galloprovincialis, Anemone sulcata) and Saccharine
saccharine transplants. Biomonitoring was considered necessary
Table 1
Branchial exfoliation and phagocytic haemocytosis in native mussels (M. galloprovincialis) and transplanted clams (V. pullastra) at different sampling sites (from A to E), located in
the vicinity of the Lira and Xove LBMFFs.
Histological alteration Native mussel (M. galloprovincialis) Transplanted clam (V. pullastra)
Branchial exfoliation Branchial exfoliation Phagocytic haemocytosis
LBMFF LIRA XOVE LIRA XOVE XOVE
SS Degree of Alterationa Frequency (%) WIDb Frequency (%) WIDb Frequency (%) WIDb Frequency (%) WIDb Frequency (%) WIDb
A 0 30 1.1 30 0.9 – – – – – –
1 40 50 – – –
2 30 20 – – –
3 0 0 – – –
B 0 60 0.8 40 0.8 0 2.4 0 2.1 10 2.4
1 40 40 10 0 10
2 0 20 40 30 40
3 0 0 50 70 40
C 0 100 0 70 0.3 10 2.2 50 0.8 40 0.8
1 0 30 10 20 20
2 0 0 30 30 40
3 0 0 50 0 0
D 0 100 0 100 0 30 1.2 80 0.2 70 0.2
1 0 0 30 20 30
2 0 0 30 0 0
3 0 0 10 0 0
E 0 100 0 100 0 100 0 100 0 100 0
1 0 0 0 0 0
2 0 0 0 0 0
3 0 0 0 0 0
a Degree of histological alteration: 0 none, 1 slight, 2 moderate, 3 severe.
b WID: Weighted Index of Damage.
Table 2
Values of the d15N isotopic ratio (‰) in macroalgae (C. tomentosum and F. vesiculosus) and mussels (M. galloprovincialis) collected at sampling sites (SS) A, B, C, D and E, in the
surroundings of the Lira and Xove LBMFFs.
LBMFFb LIRA XOVE
SSa C. tomentosum M. galloprovincialis F. vesiculosus M. galloprovincialis
A 9.93 ± 0.19 9.14 ± 0.17 10.67 ± 0.20 10.18 ± 0.11
B 9.84 ± 0.17 9.22 ± 0.18 11.17 ± 0.21 11.48 ± 0.23
C 9.30 ± 0.18 8.60 ± 0.15 9.77 ± 0.17 9.11 ± 0.16
D 8.14 ± 0.16 7.60 ± 0.21 9.57 ± 0.18 8.89 ± 0.14
E 5.57 ± 0.11 6.87 ± 0.16 5.61 ± 0.12 5.77 ± 0.13
aSS: Sampling sites.
bLBMFF: Land-based marine fish farm.
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due to the high temporal variability and the degree of dilution of
pollutants from the effluents. Bioaccumulation of metals, antibiot-
ics and pesticides clearly varied according to the LBMFF and the
type of biomonitor selected. This could explain the differences on
the WID-d15N relations between scenarios (Fig. 5).
The values of the isotopic signal from macroalgae collected at
the reference SS (the farthest from the emission source) are within
the regional background range (5.48 ± 1.18‰) (Viana et al., 2011).
This highlights the influence of discharges from farms on the mar-
ine environment.
Viana et al. (2010) reported no significant differences in the
d15N in three macroalgae of the genus Fucus sp. and C. tomentosum
from the Galicia coast (NW Spain), grown with the same nutrients.
This indicates that the different species of macroalgae can be used
indiscriminately, which may facilitate the search for local biomon-
itors and promote their use (Carballeira and Carballeira, 2009).
There was a clear isotopic signal in macroalgae affected by dis-
charges from LBMFFs, so d15N appears to be a good descriptor of
the degree of exposure and area of influence. d15N analysis should
be included in environmental monitoring plans for fish farms be-
cause it provides information on the main environmental impact
from this activity, i.e. potential eutrophication.
The d15N values in macroalgae and mussels were similar and
followed the same trend at both LBMMFs. The d15N in algae and
mussels from the area of influence of eight Galician LBMFFs (two
included in this study) were closely correlated [r2 = 0.79;
Sig = 0024; n = 19 (unpublished data)]. In general, the signal was
stronger in macroalgae than in mussels, although when the pollu-
tant load decreased, the effect appeared to be reversed, as previ-
ously reported by Riera et al. (2000). Ranges of variation of d15N
in macroalgae were also higher than in mussels. Since the levels
and variability of d15N in macroalgae were found to be higher,
these organisms appeared to be better at discriminating the degree
of exposure to pollution.
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Fig. 4. Variation in Weighted Index of Histological Damage (WID) (including branchial exfoliation and hemocytic phagocytosis) from molluscs in relation to the isotopic




















Fig. 5. Relation between histopathological alterations in molluscs and the d15N
isotopic signal in mussels and macroalgae. The d 15N isotopic signal from
macroalgae is a good descriptor of exposure to waste water effluents, and therefore
facilitates environmental surveillance of land-based marine fish farms.
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When analyzing the apex of macroalgae, the exposure time is
normalized for all individuals, while the d15N signal in molluscs
largely depends on the condition index, which is difficult to stan-
dardize in native organisms. Another advantage of macroalgae is
the possibility of carrying out retrospective studies of contamina-
tion from fish farms by analysis of tissue (apexes) of different ages
(i.e. exposed at different times) (Savage and Elmgren, 2004).
5. Conclusions
The study of histopathological alterations in native and trans-
planted molluscs affected by effluents from LBMFFs (in NW Spain)
is a useful biotool for monitoring the bioavailability and effects of
contaminants, because of the realistic conditions of the exposure,
the sensitivity and the robustness of the sublethal responses.
Analysis of d15N in native organisms has been found to be a
good descriptor of exposure. For the first time, histopathological
biomarkers (biomarkers of effect), measured in molluscs, have
been associated with an exposure descriptor (d15N), determined
for macroalgae and molluscs. This may enable evaluation of poten-
tial effects at tissue level (which is usually complex and time con-
suming), by conducting a simple and rapid d15N analysis. Stable
isotope analysis should therefore be included in order to assess
the potential impact and the ecological integrity, within environ-
mental monitoring plans for LBMFFs. However, further study about
the relationship between the d15N signal and the histopathological
biomarkers in transplanted organisms, in addition to those deter-
mined in native biota, is encouraged to provide a more complete
and reliable assessment of the usefulness of d15N as a biomonitor-
ing tool.
In order to validate the descriptor-effect relationship, for prac-
tical application, the study should be extended to other scenarios
in order to establish a critical value of the descriptor indicating
when the damage is irreversible or survival of molluscs is signifi-
cantly threatened. In the case of the Galician coast, M. galloprovin-
cialis should be selected as the native mollusc because of its
abundance on the coasts where LBMFFs are located.
This study was not undertaken to elucidate the causal factors of
histopathological alterations, which may be the consequence of a
variety of pollutants. The aim of the study was to simplify technical
aspects and improve thecost-effectiveness in thedesignof anappro-
priate environmental monitoring plan for this type of fish farm.
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